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SUMMARY 
Trace metals (e.g. Fe, Mn, Zn, Cu, Cd, Ni) are important micronutrients that have 
historically been regarded as toxic pollutants rather than essential components of riverine 
and estuarine environments.  The toxicity and behavior of trace metals, in response to 
physical and biogeochemical processes, are determined by their individual physico-
chemical properties.  In this dissertation, the vertical transformation of trace metals across 
oxic-anoxic interfaces was investigated at two sites, a Fe-rich freshwater river with 
minimal sulfide and an estuary with elevated Mn and ∑H2S concentrations.   
Sediment profiles obtained from the Chattahoochee River showed that dissolved 
arsenic, present as As(V) only, is scavenged by Fe-oxides and accumulates directly below 
the sediment-water interface.  Depth profiles also indicate that As(V) fluxes into the 
overlying water during baseflow conditions as well as after storm events. The significant 
correlation between Fe(II) and As(V) suggest that As(V) is released from Fe-oxides 
during their microbial reduction.  By implementing a series of sediment incubations 
under increasing As(V) loads, it was determined that adsorption onto Fe-oxides and 
microbially mediated reductive dissolution of these mineral phases drive arsenic cycling 
in this sediment.  These incubations also reveal for the first time that arsenic, even in low 
concentrations, impacts iron cycling by stimulating anaerobic respiration of Fe-oxides 
and promoting recrystallization of authigenic Fe-oxides, up to a toxicity threshold up to a 
few micromolar in concentrations.   
A combination of in situ measurements with discrete water sampling was utilized 
to determine the effects of tidal cycling on the distribution of trace metals under changing 
redox conditions during two consecutive tidal cycles at Station 858 in the Chesapeake 
xvi 
Bay.  Estuarine circulation patterns driven by tidal oscillations, a defined pycnocline, and 
the shallow sill (~20 m) of the Chesapeake Bay promoted bottom water anoxia during the 
summer months that allowed dissolved sulfide and reduced manganese to accumulate 
below the oxycline.  The distribution of barium (conservative freshwater tracer) and 
uranium (conservative seawater tracer) across the pycnocline over the two tidal cycles 
indicated that the source of dissolved species was surficial sediments.  During ebb and 
flood tides, the shear stress from the bottom waters flowing over the sediment seems to 
episodically promote the advection of porewaters enriched in dissolved sulfide, 
manganese, uranium, barium, lead, chromium, and copper.  The selective enrichment of 
these trace metals appears to be controlled by their reactivity with sulfide.  In turn, cobalt 
and nickel are retained in sediments by adsorbed or incorporated in FeS and FeS2, while 
arsenic co-precipitates with sulfide or iron sulfide minerals.  Overall, this study 
demonstrates that natural aquatic systems are complex environments where the interplay 
between biological, chemical, and physical processes affects the distribution of trace 
metals over short time scales.  While a great wealth of knowledge can be obtained by 
laboratory experiments with synthetic solutions or pure cultures of organisms, a 
combination of in situ measurements and incubations with real samples is necessary to 









1.1 Trace Metals in Aquatic Environments 
 
Trace metals are potential contaminants that are often toxic in low concentrations, 
yet some (for example, cobalt, copper, zinc, nickel, and molybdenum) are nutrients.  The 
toxicity, fate, and transport of trace metals are determined by their individual physico-
chemical properties.  Therefore, it is important to understand the interdependence of 
physical, chemical, and biological processes on trace metal transformations across oxic-
anoxic interfaces in order to predict their behavior and define remediation strategies.  
Several studies characterize trace metal distribution, uptake, and transport in natural 
aquatic systems (e.g. Matisoff et al., 1975; DeGroot et al., 1976; Li et al., 1984; 
Kuwabara and Baker, 1993; Knight and Pasternack, 2000; Turner and Millward, 2002).   
Dissolved and particulate trace metals are introduced into aquatic systems by 
atmospheric deposition, runoff and riverine inputs (Figure 1.1).  In the dissolved phase, 
trace metals are mainly in the form of free metal ions as well as inorganic and organic 
complexes.  In oxic waters, trace metals are typically scavenged by particles of both 
biogenic (phytoplankton and biological debris) and inorganic (e.g. aluminum, manganese 
and iron oxides) composition.  When particles settle to the sediment-water interface 
(SWI), trace metals are efficiently removed from surface waters (Kuwabara and Baker, 



















Figure 1.1- Schematic of the general trace metal cycle.  Trace metals may enter 
aquatic systems from atmospheric deposition, runoff, and riverine inputs as dissolved or 
particulate metals.  Dissolved trace metals can be adsorbed onto metal oxides or uptaken 
by organisms.  As particulate metals, they may settle through anoxic conditions to 
sediments where trace metals may be released by reductive dissolution, then available for 
precipitation or recycling.   
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marine systems, biological and chemical consumption of oxygen with depth typically 
results in the formation of a vertical oxycline when waters are stagnant or stratified.  In 
response to this redox change, the microbial community composition shifts to take 
advantage of the reduction of a characteristic sequence of chemical substrates coupled 
with organic matter oxidation (NO3-/NO2-, Mn(IV)/Mn(III), Fe(III), SO42-) (Froelich et 
al., 1979).  As a result, under anoxic conditions, iron and manganese oxides may undergo 
microbial or chemical reductive dissolution.  As their geochemical carriers undergo this 
transformation, trace metals may be released which are then free to precipitate or 
complex with sulfides, if sulfidic conditions have developed.  Large reservoirs of these 
potentially toxic metals are stored in underlying sediments and may be mobilized 
depending upon composition and hydrology of overlying waters.   
This dissertation explores the vertical transformation of redox-sensitive trace 
metals across oxic-anoxic interfaces in response to physical and biogeochemical 
processes in both a freshwater sediment and an estuarine water column.  At these 
dynamic interfaces, the chemical and biological processes described above are 
intertwined with physical processes (advection, dispersion, and coagulation), often 
controlling temporal and spatial (vertical and horizontal) distribution of both chemical 
and biological species (Matisoff et al., 1975; Harris et al., 1975; DeGroot et al., 1976; Li 
et al., 1984; Bruland et al., 1991; Cutter, 1991; Kuwabara and Baker, 1993; Jonas, 1997; 
Cooper and Morse, 1998; Jones et al., 1998; Breitburg et al., 1999; Knight and 
Pasternack, 2000; Turner and Millward, 2002, Caccia et al., 2003; Bratton et al., 2003; 
Kemp et al., 2005; Li et al., 2005).   
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A major challenge for trace metal research in natural aquatic environments is the 
development of quantitative tools to predict changes in trace metal speciation in response 
to chemical, physical, and biological variations over a wide range of spatial and temporal 
scales.  Improving the state of knowledge about trace metals in shifting redox transitions 
located within water columns and sediments requires the development of innovative data 
acquisition, analysis, and modeling techniques.  In both studies, depth profiles of redox 
species were measured voltammetrically using a combination of in situ and ex situ 
techniques.  These data were utilized to determine redox zonation at high (mm) spatial 
resolution and target chemically significant strata for discrete analyses of porewater in 
freshwater sediments, as well as water and suspended particulate matter (SPM) in an 
estuarine water column.  Depending on the nature of the study, complementary analytical 
tools such as Ion-Chromatography (anions), Inductively Couple Plasma-Mass 
Spectroscopy (dissolved and particulate trace metals), and Hanging Mercury Drop 
Electrode (arsenic speciation) were used to assess biogeochemical processes.  This 
chapter (Chapter 1) provides background information and motivations for the two 
different investigations compiled as part of this dissertation.  Chapters 2 and 3 focus on 
the redox transformation of iron and arsenic in the sediment of the Chattahoochee River 
(GA).  Chapter 4 investigates the effect of tidal forcing on the dynamics of trace metals in 
Northern Chesapeake Bay.  Chapter 5 synthesizes and concludes on the effects of 
biogeochemical and physical processes on the transformation of trace metals at the oxic-
anoxic interfaces in aquatic systems.    
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1.2 Arsenic Diagenesis at the Sediment-Water Interface of a Recently Flooded 
Freshwater Sediment 
 
The poisonous effects of arsenic have been known for several centuries, yet when 
an estimated 80 million people in West Bengal India and Bangladesh were subjected to 
elevated doses (10-5,000 µg/L) in their drinking water, The Arsenic Crisis1 raised global 
concerns regarding its toxicity and possible carcinogenic effects (Feeney and Kounaves, 
2000).  Even today, elevated arsenic levels in drinking and irrigation water remain an 
issue for many citizens, rich and poor, living in this region as well as many others 
throughout the globe.  Arsenic can be present in water, soils, and sediments, and in the 
atmosphere.  Reported regions impacted by elevated arsenic are Bangladesh, China, 
India, England, Thailand, and within the United States (i.e., Florida, New Hampshire, 
New Mexico, Massachusetts, Maine, Michigan, California, and Oregon).  This worldwide 
concern about arsenic in natural environments triggered years of debates in the US that 
led to lowering the drinking water standard for total dissolved arsenic from 50 ppb to 5 
ppb and forcing all US public drinking water systems to comply to 10 ppb (133 nM) 
(www.epa.gov/safewater).  Nonetheless, regions where water recharge and storage are 
within geologic terrains containing arsenic-bearing minerals still report enrichments.  For 
instance, an Aquifer Storage and Recovery system (pumping during low demand periods 
into groundwater for extraction during peak season) in Florida recently triggered the 
dissolution and oxidation of arsenic bearing minerals, a similar mechanism that caused 
                                                 
1 The Arsenic Crisis-West Bengal and Bangladesh, over the last two decades untreated tube well water was 
heavily promoted and developed as a safe and environmentally acceptable alternative to microbiologically 
unsafe untreated surface water. In the 1980s, scientists began finding evidence of arsenic contamination. 
The origin of the arsenic pollution is geological in this case - the arsenic is released to groundwater under 
naturally occurring aquifer conditions. (http://bicn.com/acic/) 
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the crisis in West Bengal and Bangladesh.  Clearly, arsenic is a drinking water 
contaminant of major concern, and its fate in aquatic systems has recently been the 
subject of intense research (Oremland and Stolz, 2003; Horneman et al., 2004; O'Day et 
al., 2004; Oremland and Stolz, 2005).  The toxicity of arsenic is related to its oxidation 
state (Slotnick et al., 2006), and its mobility in reduced conditions is controlled by the 
biogeochemical cycling of iron and sulfide (O'Day et al., 2004).  Figure 1.2 depicts the 
dominant arsenic and iron forms over changing pH and pE assuming equilibrium, a total 
arsenic concentration of 1 x 10-4 M, and total iron concentration of 2 x 10-3 M.  In natural 
environments, arsenite (As(III)) is not only more mobile but can be greater than 60 times 
more toxic than arsenate (As(V)) salts, or organoarsenic compounds (Feeney and 
Kounaves, 2000; Ryu et al., 2002).  The presence of these species in the environment is 
due to both natural and anthropogenic sources.  In general, arsenic may be removed from 
water through adsorption onto solid surfaces (i.e., metal oxides), and released from 
sediments through reductive dissolution of the host geochemical carrier or through 
competitive ligand exchange reactions (Figure 1.3).  If co-ions (i.e., phosphate and 
carbonate) are present, the residence time of arsenic is shortened when it is released 
(desorbed) in the aqueous phase.  Phosphorous and arsenic are both Group 5A elements 
and thus they form species that have similar chemical properties.  For example, 
phosphate and arsenate both have similar structures and affinities for protons.  The 
affinity of phosphate and arsenate for mineral surfaces (e.g. metal oxide surfaces) 
depends on the electrostatic interaction with the charged surface as well as the 


















Figure 1.2- pE-pH diagram for As-Fe-H2O systems (25°C).  Total As = 1 x 10-4 M 
and total Fe = 2 x 10-3 M. As (red) and Fe (green) lines refer to the equilibria calculated 















Table 1.1 Thermodynamic data for arsenic and iron species  
Reaction log K notes ref. 
Aqueous arsenic species      
H2AsO3- + 0.5 O2(aq) = H2AsO4- 30.53  1 
H3AsO4(aq) = H2AsO4- + H+ -2.30 a 1 
H2AsO4- = HAsO42- + H+ -6.99 a 1 
HAsO42- =AsO43- + H+ -11.50 a 1 
H3AsO3(aq) = H2AsO3- + H+ -9.17 a 1 
AsO43- + 2 H+ = H2AsO4- 18.80 a 1 
HAsO32- + H+ = H2AsO3- 14.1 a 1 
AsO33- + 2 H+ = H2AsO3- 29.1 a 1 
AsS(OH)(SH)- + 2 H2O = H2AsO3- + 2 HS- + 2 H+ -27.19  1 
As3S4(SH)2- + 9 H2O = 3 H2AsO3- + 6 HS- + 8 H+ -99.78  1 
Arsenic and iron redox reactions    
H3AsO40 + 2H+ +2e-= H3AsO30+ H2O 18.92 a 1 
H2AsO4- + 3H+ +2e-= H3AsO30+ H2O 21.12 a 1 
HAsO42-  + 4H+ +2e-=  H3AsO30+ H2O 28.12 a 1 
HAsO42- + 3H+ +2e-= H2AsO3-+ H2O 18.94 a 1 
AsO43- + 4H+ +2e-= H2AsO3-+ H2O 30.44 a 1 
Fe3+ +e-= Fe 2+ 13.04 a 3 
Fe(OH)3(s) + 3H+ +e-=  Fe2+ + 3H2O  16.58 a 3 
Fe(OH)3(s) + H+ +e-=  Fe(OH)2(s) + H2O  3.68 a 3 
Arsenic and iron surface complexation      
>FeO- + H+ = >FeOH 8.93  2 
>FeOH2+ = >FeOH + H+ -7.29  2 
>FeH2AsO3 + H2O = >FeOH + H3AsO3(aq) -5.41  2 
>FeH2AsO4 + H2O = >FeOH + AsO43- + 3 H+ -29.31  2 
>FeHAsO4- + H2O = >FeOH + AsO43- + 2 H+ -23.51  2 
>FeOHAsO43- = >FeOH + AsO43- -10.58  2 
Arsenic and iron solids      
As(s) + 1.5 H2O + 0.75 O2(aq) = H+ + H2AsO3- 42.80  1 
Arsenolite (As2O3) + 3 H2O = 2 H2AsO3- + 2 H+ -19.72  1 
Claudetite (As2O3) + 3 H2O = 2 H2AsO3- + 2 H+ -19.75  1 
As2O5(s) + 3 H2O = 2 H+ + 2 H2AsO4- 3.65  1 
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Realgar (AsS) + 2.5 H2O + 0.25 O2(aq) = H2AsO3- + 2 H+ + HS- -7.8  1 
Orpiment (As2S3) + 6 H2O = 2 H2AsO3- + 3 HS- + 5 H+ -64.6  1 
As2S3(am) + 6 H2O = 2 H2AsO3- + 3 HS- + 5 H+ -63.2  1 
Fe3+ -+ 3H2O = Fe(OH)3(s) + 3H+ -3.54 a 3 
Fe2+ -+ 2H2O = Fe(OH)2(s) + 2H+ -12.9 a 3 
Reactions were written in terms of the basic species H2AsO3-, H2AsO4-, Fe2+, Fe3+, H+, 
O2(aq), SO42-, HS-, >FeOH, and H2O, and equilibrium constants at 25°C. 
(a) equations and log K used to calculate equilibria lines for Figure 1.2. 
1. Nordstrom, D. K. and Archer, D. G. (2003) in Arsenic in Groundwater, eds. Welch, A. 
H. and Stollenwerk, K. G. (Kluwer, Boston), 1–25. 
2. Dzombak, D. A. and Morel, F. M. M. (1990) Surface Complexation Modeling (Wiley, 
New York). 
3. Stumm, W. and Morgan, J.J. (1996) Aquatic Chemistry (Wiley, New York). 
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exchange reactions.  The competitive adsorption of phosphate and arsenate on synthetic 
goethite (α-Fe-OOH) has been compared in a few articles (Manning and Goldberg, 1996; 
Gao and Mucci, 2001; Violante and Pigna, 2002; Antelo et al, 2005), with mixed 
conclusions.  The adsorption of phosphate and arsenate on goethite decreased in 0.7 M 
NaCl solutions between the pH ranges of 3 to 10 (Gao and Mucci, 2001).  In 0.1 M NaCl 
solutions, however, the affinity of As(V) was lower than that of phosphate for goethite, 
especially in the circum-neutral and alkaline pH range (Manning and Goldberg, 1996).  
In general, phosphate is more sensitive to changes in pH and ionic strengths resulting in 
lower phosphate adsorption in basic pH ranges and solutions of low ionic strengths, yet 
higher adsorption is acidic solutions.  Meanwhile, As(V) adsorption is almost 
independent on the electrolyte concentrations.  While As(V) may compete with 
phosphate for adsorption sites, it is important to investigate arsenic speciation under 
reducing conditions due to the mobility and toxicity of As(III).   
In rivers and lakes, particle reactivity impacts the persistence and mobility of 
arsenic (e.g., Bose and Sharma, 2002).  In iron-dominated systems, arsenic is removed by 
adsorption onto iron oxides (Pierce and Moore, 1982) and is generally released in 
solution during the reductive dissolution of iron oxides (Guo et al., 1997). As a 
consequence, a strong correlation is evident between the dissolution of iron oxides and 
the release of arsenic in freshwater sediment (Aggett and O’Brien, 1985).  When 
dissolved sulfide concentrations dominate in anoxic waters, sulfide precipitates arsenic-
sulfide minerals.  However, if iron concentrations are much higher than sulfide levels, 
sequestration of arsenic is controlled by iron because aqueous sulfide is rapidly depleted 
during the formation of FeS and pyrite (Rochette et al., 2000).   
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Figure 1.3- General Arsenic Cycle: As(V) can be adsorbed onto metal oxides (1) or 
reduced by H2S, or microorganisms (2).  The metal oxides, with the sorbed As(V), may 
undergo reduction (2’) and release Fe2+, Mn2+, and arsenate.  The arsenate may then be 
reduced microbially or by H2S to As(III).  As(III) could then be adsorbed onto metal 
oxides (3) or arsenite may encounter dissolved sulfide (4) and may precipitate to AsxSy 
after forming an intermediate As-S-O complex.  If the arsenic-bearing complex or 
mineral is oxidized (5), As(III) is remobilized, and As(V) may be re-cycled.   
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The investigation of the biogeochemical cycling of arsenic began after a study 
characterizing transport of coal constituents in the Chattahoochee River demonstrated 
elevated total As concentrations upstream of a local drinking water reservoir in Westpoint 
Lake (GA) (Lesley, 2002).  Although arsenic levels in the water column are below the 
public drinking water standards, chronic exposure to sub-acute levels (Jain and Ali, 
2000), potentially ingested via water supplies, may represent a danger for local residents.   
Depth profiles in the sediment porewaters of the Chattahoochee River (Georgia) 
suggest that iron oxides scavenge arsenate in the water column and settle to the sediment-
water-interface (SWI) where they are reduced by iron reducing bacteria.  During their 
reduction, these particles seem to release arsenic to the porewaters under the form of 
arsenate only, even though thermodynamic calculations suggest arsenite should be 
dominant (Figure 1.2).  These results suggest either the system was not in equilibrium, 
common of a natural setting, or the system lacked a suitable microbial or chemical 
reductant.  Arsenate is usually not reduced chemically by any other reductant than sulfide 
(O'Day et al., 2004), and the presence of arsenite in anoxic, but sulfide-depleted, 
freshwaters has been attributed to microbial arsenate reduction (Newman et al., 1998; 
Stolz and Oremland, 1999).   
Various biotic pathways have been proposed for dissimilatory arsenate reduction, 
such as reduction and alkylation (McBride and Wolfe, 1971) and anaerobic respiration 
coupled to oxidation of natural organic matter or hydrogen, typically observed in the 
presence of high concentrations of arsenate (Newman et al., 1998; Stolz and Oremland, 
1999).  For example, the sulfate reducing bacteria, Desulfotomaculum, has been found to 
co-reduce SO4 2- to HS-, and AsO4 3- to AsO3 3- during respiration.  This process promotes 
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the spontaneous precipitate of a mineral complex of arsenic and sulfide, As2S3, both 
intracellularly and extracellularly (Madigan et al, 2003).  In a system with high As(V) 
concentrations, a decrease in As(V) and As(III) may also indicate assimilation (Newman 
et al., 1998).  Living organisms transport As(V)  into cell tissue for assimilation.  The 
dissimilatory microbial reduction of arsenate may occur via a respiratory process.  
Alternatively, microbial reduction of arsenate may occur through a detoxification process 
during which organisms do not acquire energy for growth (Saltikov et al., 2005).  The 
structural similarity of arsenate to phosphate has been linked to ATP depletion through 
the formation of the labile arsenylated compound ADP-As (Mukhopadhyay et al, 2002).  
So far, it has been shown with a pure culture that arsenate reduction as a detoxification 
process (e.g. Ars pathway) does not occur below a threshold of around 100 µM arsenate 
(Saltikov et al., 2005), however As respiration (e.g. Arr pathway) may be triggered at 
concentrations as low as 100 nM. 
The crucial balance between As(III) and As(V) is largely controlled by microbes 
and reactions with iron and sulfur.  Thus, an understanding of freshwater Fe and S cycles 
is central to determining the long term control and variability of arsenic mobilization.   
The goals of this study were (1) to describe the biogeochemistry that is physically and 
chemically affected during arsenic cycling across the oxic-anoxic transition in the water 
column or sediment and (2) determine the source of arsenic fluxes.  The content of 
Chapter 2 has been published as Chapter 16 in the 915th ACS Symposium Series on 




1.3 Effect of Arsenic Concentration on Microbial Iron Reduction and Speciation 
in Freshwater Sediments 
Although informative, depth profiles by themselves cannot clearly establish the 
biogeochemical processes regulating the speciation of arsenic in these sediments. From 
anoxic vertical profiles it is inferred that the microbial community shifts to take 
advantage of the reduction of a sequence of chemical substrates coupled with organic 
matter oxidation producing CO2 resulting in a net decrease in pH.  In addition, the effects 
of low concentrations of arsenic (i.e., ≤ 10 µM) on biogeochemical processes in natural 
aquatic systems are unknown.  More specifically, the effect of the accumulation of low 
levels of arsenic on microbial iron and manganese reduction in freshwater sediments has 
not been investigated.  In addition, most research on the biogeochemical cycling of 
arsenic is conducted in the laboratory with elevated concentrations of arsenic (Pierce and 
Moore, 1982; Cullen, 1989; Belzile and Tessier, 1990; Guo et al., 1997; Kneebone et al., 
2002; Ryu et al., 2002; Smedley and Kinniburgh, 2002; Mucci et al., 2003).  In this 
chapter, we report the biogeochemical transformation of arsenic in the iron-rich 
sediments of the Chattahoochee River (GA).  Sediments from the same area were 
incubated to investigate the impact of arsenate concentrations on the biogeochemical 
cycling of iron, manganese, and arsenic.  The objectives were to characterize sediment 
composition to help identify dominant biogeochemical processes and implement 
incubations to determine the effect of arsenic concentrations on microbial processes in 
these natural sediments.  A combination of depth profiles and sediment incubations with 
different but low arsenic concentrations unravels the effect of arsenic on indigenous 
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metal-reducing bacteria.  The findings of Chapter 3 have been submitted to 
Environmental Science & Technology.     
 
1.4 Consequences of Tidal Forcing on the Distribution of Trace Metals in the 
Redox Transition Zone of the Chesapeake Bay  
The distribution and partitioning of trace metals in estuaries is a central interest to 
the understanding of the global cycling and transport of metals (Chiffoleau et al., 1994).  
In general, trace metals are introduced into estuaries by riverine (Matisoff et al., 1975; 
DeGroot et al., 1976; Knight and Pasternack, 2000; Mason et al., 2004;) and atmospheric 
inputs (Scudlark et al., 1994; Hussain et al., 1999; Kim et al., 2000; Scudlark et al., 
2005).  Estuaries are essentially geochemical reactors whose heterogeneous reactions 
determine the fate and supply of trace metals of continental origin to the oceans. 
Dissolved metals are transported to the open ocean while most particulate metals are 
retained on the continental shelf (Caccia and Millero, 2003). When particle-reactive 
metals enter estuarine waters, many are rapidly adsorbed on (inorganic and organic) 
suspended matter (Turner et al., 1998; Turner, 1999; Martino et al., 2002; Turner and 
Millward, 2002; Turner et al., 2004).  As pH and salinity increase along estuaries, 
suspended matter flocculates and trace metals settle to the sediment (DeGroot et al., 
1976; Kuwabara and Baker, 1993; Caccia et al., 2003; Turner and Millward, 2002), 
where they are either buried or released during the oxidative (POM) or reductive (MnOX 
and Fe(OH)3) dissolution of their hosts.  In marine sediments, sulfate reduction may 
further affect the distribution of trace metals by either precipitation of metal sulfide 
phases or adsorption of trace metals onto FeS(s) and pyrite (MacCrehan and Shea, 1995; 
Luther et al., 1996; Rickard and Luther, 2003; Rickard et al., 2004; Luther and Rickard, 
2005b; Rickard and Luther, 2006; Rickard and Luther, 2007).  Although Mn(II) is more 
reactive to water substitution than Fe(II), and should form its own mineral with sulfide, 
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MnS is highly soluble and difficult to form, so much so that Mn(II) may be incorporated 
into pyrite if there is a high degree of pyritization (Morse and Luther, 1999) or be 
maintained in solution.  The rate of water exchange as compared to iron dictates the order 
of trace metal pyritization for divalent cations in the following order beginning with the 
fastest (cadmium<lead<zinc<manganese<nickel<cobalt).  Thus cobalt and nickel should 
not form discrete MeS phases and will be incorporated into pyrite due to the slower 
kinetics of cobalt and nickel substitution for water (Morse and Luther, 1999).  In contrast 
to cobalt and nickel, copper, lead, manganese, and chromium are likely unreactive with 
respect to iron sulfide minerals due to their higher rate of water exchange (Morse and 
Luther, 1999), and should preferentially be released in to the overlying waters if sulfide 
concentrations are below the solubility product of MeS species.  Meanwhile, arsenic and 
chromium are both reduced by sulfide, and As(III) may be co-precipitated with pyrite to 
form arseno-pyrite, while Cr(III) does not undergo substitution reactions with respect to 
iron sulfide.  In addition, metal sulfide clusters (e.g. FeS, PbS, CuS) may form rapidly 
and become important transporters of trace metals in anoxic environments (Luther and 
Rickard, 2005a; Luther and Rickard, 2005b; Burton et al., 2006).   
Therefore, variations in oxycline and sulfide-onset have important consequences 
on the distribution of trace metals in the water column.  Manganese and iron cycles are 
directly affected by these temporal and tidal-related variations in the oxygen and 
dissolved sulfide levels (Lewis et al., 2007).  The influence of tidal variations on the 
cycling of redox-sensitive elements was investigated in the Chesapeake Bay during the 
peak anoxic/hypoxic season.  This study complements research devoted to monitoring 
real-time changes in redox stratification during the summer peak anoxic/hypoxic season 
in Northern Chesapeake Bay from 2002 to 2005 (Lewis et al., 2007). 
Chapter 4 focuses on the effect of tidal variations on the redox dynamics of 
dissolved oxygen, dissolved sulfide, and manganese associated with the transformations 
of trace metals (e.g. chromium, manganese, cobalt, nickel, copper, barium, arsenic, lead, 
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and uranium) in the Chesapeake Bay during peak anoxic conditions between the summers 
of 2002 to 2005.  The goals of this study were (1) to describe the biogeochemistry that is 
physically and chemically affected during tidal cycles across the oxic-anoxic transition in 
the water column, and (2) to investigate the transformation of a suite of redox-sensitive 
trace metals during the peak anoxic seasons under tidal forcing.  A manuscript with the 





ARSENIC DIAGENESIS AT THE SEDIMENT-WATER INTERFACE 
OF A RECENTLY FLOODED FRESHWATER SEDIMENT 
 
2.1 Abstract 
In a previous study, elevated dissolved arsenic concentrations were detected in the 
Chattahoochee River (GA) and decreased in concentration with increasing distance from 
a suspected point-source, suggesting that arsenic could be scavenged by particles and 
settle to the sediment-water interface (SWI).  In this study, the distribution of arsenic in 
sediments was determined to assess its biogeochemical cycling close to the SWI 
following a high deposition event. A combination of analytical techniques - ICP-MS and 
voltammetry - was used to measure the speciation of dissolved arsenic in two sediment 
cores.  In addition, the porewater distribution of O2, Fe(II), Mn(II), and ΣH2S was 
measured with Au/Hg voltammetric microelectrodes to obtain high resolution profiles of 
the redox species involved in arsenic cycling.  Our data show that dissolved arsenic is in 
the form of As(V) only and accumulates directly below the SWI.  The significant 
correlation between Fe(II) and As(V) indicates that As(V) is released from iron oxides 
during their microbial reduction.  These results suggests that sedimentation of As(V) 
occurring after storm events is followed by remobilization of As(V) in porewaters and 




The adverse human health effects of arsenic have been known for several 
centuries.  The biochemical behavior and toxicity of arsenic depend on its chemical form.  
In natural environments, arsenite (As(III)) is more mobile and toxic than arsenate 
(As(V)), or organoarsenic compounds (Ferguson and Gavis, 1972; Ryu et al., 2002).  
Most environmental arsenic problems are a result of mobilization under natural 
conditions (Smedley and Kinniburgh, 2002).  The mobilization of arsenic in natural 
waters is mainly controlled primarily by solid-solution interactions with iron oxides 
(Ferguson and Gavis, 1972; Cullen, 1989; Stumm, 1992; Jain et al., 1999; Kneebone et 
al., 2002) because their charge, in contrast to manganese and aluminum oxides, is slightly 
positive at circumneutral pH (Stumm, 1992). Under oxic conditions, As(V) is negatively 
charged and readily adsorbs onto iron oxides (Pierce and Moore, 1982; Belzile and 
Tessier, 1990; Jain et al., 1999; Mucci et al., 2003) limiting its mobility and 
bioavailability. In anoxic conditions, however, it may be released during the reductive 
dissolution of these oxides (Smedley and Kinniburgh, 2002) and simultaneously reduced 
(Guo et al., 1997), thus turning arsenic-contaminated sediments into a continuous source 
of As(III).  As(V) may be reduced to As(III) microbially (Ahmann, 1997; Harrington et 
al., 1998; Oremland et al., 2000) or chemically by dissolved sulfide (Rochette et al., 
2000) and Fe(II) (Appelo, 2002; Charlet et al., 2002), though both chemical reactions are 
usually slow.  As(III) is neutral at circumneutral pH and is less susceptible to adsorption 
onto metal oxides (Pierce and Moore, 1982; Belzile and Tessier, 1990; Jain et al., 1999).  
In the presence of dissolved sulfide, As(III) may form thioarsenite complexes (Wilkin et 
al., 2003) and eventually precipitate as arsenosulfide minerals (Sadiq, 1997; Bostick and 
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Fendorf, 2003) or, alternatively, adsorb onto iron sulfide minerals (Bostick and Fendorf, 
2003). Organoarsenic species are formed biochemically as a detoxification mechanism 
(Cullen, 1989) but are generally in low concentration in aquatic systems (Smedley and 
Kinniburgh, 2002). Finally, As(III) can be rapidly reoxidized in the presence of dissolved 
oxygen (Johnson and Pilson, 1975; Scott and Morgan, 1995) or manganese oxides (Scott 
and Morgan, 1995; Driehaus, 1995; Manning and Martens, 1997; Chiu and Hering, 
2000).  Thus, desorption and remobilization of arsenic from sediments is influenced by 
pH, the activity of microorganisms, and the concentrations of dissolved oxygen, sulfide, 
iron and manganese in interstitial waters (Pierce and Moore, 1982; Xu, 1988; Mok and 
Wai, 1990; Kneebone et al., 2002; Meng, 2002; Bostick and Fendorf, 2003).  In addition, 
phosphate, bicarbonate, silicate, and organic matter all compete with arsenic for 
adsorption sites, thus enhancing arsenic mobility (Meng, 2002).   
The biogeochemical cycling of arsenic in aquatic systems has been largely 
derived from laboratory studies in well-defined conditions (e.g., Johnson and Pilson, 
1975; Pierce and Moore, 1982; Driehaus, 1995; Jain et al., 1999; Rochette et al., 2000; 
Scott and Morgan, 1995; Manning and Martens, 1997; Sadiq, 1997; Chiu and Hering, 
2000; Appelo, 2002; Charlet et al., 2002; Bostick and Fendorf, 2003; Wilkin et al., 2003) 
and mainly examined in groundwater aquifers (Smedley and Kinniburgh, 2002). In 
contrast, the spatial distribution of arsenic in sediments is rarely investigated (Andreae, 
1979; Belzile and Tessier, 1990; Mok and Wai, 1990; Yan et al., 2000; Kneebone et al., 
2002; Mucci et al., 2003) and its redox speciation almost never determined (Andreae, 
1979; Yan et al., 2000).  The objective of this study is to examine the likely factors 
controlling early diagenesis of arsenic in freshwater sediments with a high spatial 
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resolution.  The biogeochemical processes regulating the cycling of arsenic in the 
sediment of a major river impoundment in Georgia were investigated using a 
combination of Au/Hg voltammetric microelectrodes (O2, Fe(II), Mn(II), ΣH2S), 
voltammetry with Hanging Mercury Drop Electrode (HMDE) (As(III)), and Inductively 
Coupled Plasma-Mass Spectrometry (ICP-MS) (total dissolved As).  The influence of 
iron, manganese, and sulfur cycling on the mobilization of arsenic is discussed in this 
paper.   
2.2.1 Study Location 
West Point Lake (inset Figure 2.1) is a 25,900-acre mainstream Chattahoochee 
River impoundment located 90 km southwest of Atlanta (GA). West Point Lake lies on a 
50 km stretch of the Chattahoochee River between Franklin and West Point (GA). The 
lake has a shoreline of more than 800 km and runs along and across the Georgia/Alabama 
State line. The lake is controlled by the Army Corps of Engineers and was impounded in 
1974 to provide drinking water, flood control, hydroelectric power, navigation, wildlife 
development, and general recreation for Southwest Georgia. 
Five freshwater sediment cores (Figure 2.1) were collected from the outfall of the 
Chattahoochee River north of the drinking water reservoir of West Point Lake in 
LaGrange (GA) based on elevated total dissolved arsenic concentrations detected in the 
water column (Lesley, 2002).  There are no recorded geothermal or mining activities 








Figure 2.1- Study Location, Chattahoochee River and West Point Lake, GA.  Five 
sediment cores, numbered CR-1 to CR-5, were collected along the Chattahoochee River 













has been identified as residual coal ash (Lesley, 2002).  The sediment cores were 
collected in July, 2003 three weeks after the excessive precipitation attributed to Tropical 
Storm Bill brought approximately 10 foot crests through the study location.  In this paper, 
we present the results from CR-4 and CR-5 only, which are approximately 60 km away 
from the suspected arsenic source (Lesley, 2002), in an area where dissolved arsenic was 
depleted from the water column. 
 
2.3 Methods 
 2.3.1 Sediment Core Collection and Porewater Extraction 
Sediment samples were collected with 60 cm long and 10 cm diameter 
polycarbonate core liners.  Approximately 10 cm of overlying water were collected with 
each core to maintain the integrity of the sediment-water interface and minimize exposure 
to the atmosphere during transport to the laboratory.  High resolution voltammetric and 
potentiometric profiles of O2(aq), Fe2+, Mn2+, ΣH2S (H2S, HS-, S0, Sx2-), FeS(aq), and pH 
were obtained by lowering an Au/Hg voltammetric microelectrode (Brendel and Luther, 
1995) and a pH minielectrode (Diamond General Corp.), in millimeter increments, into 
each sediment core with a micro-manipulator (Analytical Instrument Systems, Inc.).   
Voltammetric and pH measurements were conducted with a DLK-100A 
potentiostat that includes a voltmeter for combined electrode measurements (Analytical 
Instrument Systems, Inc.).  Dissolved oxygen was measured cathodically by linear sweep 
voltammetry, while Fe2+, Mn2+, ΣH2S, and FeS(aq) were detected by cathodic square wave 
voltammetry. Prior to each scan, a conditioning step was applied at -0.1 V for 10 s to 
clean the microelectrode. Scan rates of 200 mV/s were used for all measurements 
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(Brendel and Luther, 1995; Taillefert et al., 2002c). The pH was calculated using the 
Nernst Law after recording the potential and sample temperature at the minielectrode 
(Taillefert et al., 2002c). By using microelectrodes, a suite of constituents could be 
measured with a high spatial resolution without sediment handling, thus minimizing 
contamination while maximizing the volume of porewater for other analyses.  
Immediately following completion of the electrochemical profiles, the sediments were 
sectioned and centrifuged under N2(g) atmosphere, and porewaters were filtered (Norm-
Ject sterile Teflon syringe and Puradisc 0.2µm Whatman filter) and acidified with Trace 
Metal Grade HCl or HNO3 (Fisher) as needed for preservations and analysis.  All 
porewaters were extracted and maintained in a N2(g) atmosphere and kept at 4°C until 
analysis of As(III), total dissolved arsenic (AsD), chloride, nitrate, sulfate, total dissolved 
orthophosphate, and total dissolved silica within 24 hours.   
 
2.3.2 Analytical Methods 
All solutions were prepared with 18 MΩ-cm Reverse Osmosis (RO) water 
(Barnstead).  All plasticware and glassware used for trace metal analyses were acid-
washed in 2% Trace Metal Grade HNO3 (Fisher) for one week and rinsed thoroughly 
with RO water.  For As(III) analysis, standards were made from an As(III) stock solution 
prepared daily by dissolving As(III) oxide (Alfa Aesar) in NaOH then acidifying with 12 
N HCl (Li and Smart, 1996).   
Voltammetric measurements for As(III) were performed with a HMDE using the 
VA 663 multi-mode mercury drop electrode stand (Metrohm) coupled to the PGSTAT 12 
Autolab potentiostat (Ecochemie)   The reference electrode was an Ag/AgCl/KCl (3 M) 
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with a 0.2 M NaCl glass bridge, and a glassy carbon rod acted as the counter electrode.  
The new electrolyte solutions were thoroughly degassed with ultra high purity N2(g) prior 
to each As(III) measurement to prevent reoxidation by dissolved oxygen.  As(III) 
concentrations were determined by amending the sample with 0.7 mM Cu(II) 
(CuCl2·2H2O Aldrich) and 1 M HCl.  A potential was applied at -0.4 V for 10 seconds to 











−−+                    (Equ. 1) 
 
The potential was then scanned cathodically (from -0.4 V to -1.2 V) at 300 Hz using 
square wave voltammetry to reduce Cu(I/II) from the arseno-complex to Cu0 and allow the 
indirect measurement of As(III) (Equ. 2 - stripping step).  
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Figure 2.2 shows a triplicate raw data scan of a 1 nM As(III) standard.  The detection 
limit of the method was 0.25 nM As(III) (at 3σ of the blank). 
Total dissolved arsenic concentrations (Asd) were determined in triplicate with a 
Hewlett Packard HP-4500 ICP-MS.  Standards were prepared from a 1,000 ppm in 5% 
HNO3 As stock solution (Aldrich).  An internal standard of 1 ppb yttrium, prepared from 
1,000 ppm stock solution (Aldrich) was added to standards and samples to correct for 
internal drift of the instrument.  For quality control, Asd standards were inserted every 10 
samples.  The detection limit of Asd was found to be 0.25 nM. 
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Total dissolved phosphate and silica were determined by spectrophotometry 
(Strickland, 1952; Murphy, 1962).  Sulfate, nitrate, and chloride were measured by Ion 
Chromatography (Dionex Model 300X) with a bicarbonate buffer as eluent.  Amorphous 
iron oxides were extracted in triplicate in selected samples using ascorbate reagent 
(Kostka and Luther, 1994).  Fe(II) produced during the extraction was analyzed with the 






Figure 2.2- Reproducibility of triplicate HMDE voltammetric measurements of a 1 
nM As(III) standard.  The inset shows a typical calibration curve. The method has a 
detection limit of 0.25 nM at three standard deviations from the blank. 
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2.4 Results  
Both cores were anoxic, with dissolved oxygen decreasing from approximately 
280 µM in the overlying water to undetectable levels just below the sediment-water 
interface (Figures 2.3a and 2.4a).  As illustrated on Figure 2.3b, the pH decreased from 
6.4 just below the SWI to 6.1 at 20 mm, then stabilized until 50 mm where it decreased 
again to reach 5.8 at 80 mm.  Fe(II) rose from undetectable levels (< 5 µM) within 10 mm 
from the SWI to a maximum of 940 µM in CR-4 (Figure 2.3a) and 540 µM in CR-5 
(Figure 2.4a).  It then stabilized around these values until 40 mm in both CR-4 and CR-5.  
While Fe(II) abruptly increased in CR-5 to a maximum of 550 µM before decreasing 
regularly to a minimum of 100 µM at 80 mm, it oscillates between 500 and 900 µM 
below 40 mm in CR-4.  Mn(II) concentrations displayed similar behavior in both CR-4 
and CR-5, except that Mn(II) was produced at 5 mm below the SWI in CR-4 and directly 
at the interface for CR-5.  It increased to reach a maximum of 590 µM between 45 and 55 
mm in CR-4 (Figure 2.3a) and 470 µM between 20 and 30 mm in CR-5 (Figure 2.4a).  
Below these depths, Mn(II) decreased in both cores to approximately 100 µM.  No ΣH2S 
(detection limit < 0.2 µM) was detected in these sediments. 
Figure 2.3c illustrates the depth profiles of chloride, nitrate and sulfate.  Chloride 
concentrations were approximately 130 µM in the first 10 cm of the sediment then 
slightly decreased to 100 µM.  Nitrate (Figure 2.3c) was detected in the overlying water 
only, at a concentration of 27 µM.  Sulfate concentrations were highest at 47 µM in the 
overlying water then diminished regularly to below the detection limit of 2 µM at 43 mm 
in CR-4 (Figure 2.3c).  Total dissolved phosphate and total dissolved silica (data not 
shown) were below detection limit in both cores.   
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Figure 2.3- Depth Profile of dissolved oxygen, Fe(II), and Mn(II)  by voltammetric 
microelectrode (to 80 mm) (a); pH by minielectrode (to 80 mm) (b); sulfate, nitrate and 
chloride by ion chromatography (c); and total dissolved arsenic (Asd) by ICP-MS with 
standard deviation error bars (d) in CR-4 collected in July 2003 in the Chattahoochee 





Figure 2.4- Depth Profile of dissolved oxygen, Fe(II), and Mn(II) by voltammetric 
microelectrode (to 80 mm) (a); and total dissolved arsenic (Asd) by ICP-MS with 
standard deviation error bars (b) of CR-5 collected in July 2003 in the Chattahoochee 
River.  
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The concentration of amorphous iron oxides, as determined by the ascorbate 
extraction, decreased with depth in CR-4, from 108 ±6 µmol/g in the top 8 mm to 95 ±8 
µmol/g between 15 and 25 mm (the depth depicting the highest dissolved As(V) in the  
porewaters - Figure 2.3d), and to 36 ±2.5  µmol/g between 88 and 98 mm. CR-5 results 
displayed a more stable profile with concentrations of amorphous iron oxides ranging 
between 56 ± 2  µmol/g at the surface and 52 ± 4 µmol/g between 58 and 71 mm (depth 
depicting the highest total dissolved As(V) concentration - Figure 2.4b), and with a slight 
increase to 71 ± 4  µmol/g between 104 and 114 mm.   
As(III) was not detected in the extracted porewaters using HMDE, even after 
increasing the deposition time from 60 to 600 s to improve the detection limit.  We 
therefore conclude that total dissolved arsenic (Asd) profiles (Figure 2.3d and 2.4b) are 
indicative of As(V) only.  In both cores, the concentration of As(V) was significant at the 
sediment-water interface, 25 nM in CR-4  and 75 nM in CR-5, and increased deeper to a 
maximum of 156 nM between 15 and 25 mm in CR-4 and 107 nM between 55 and 68 
mm in CR-5.  As(V) then decreased to a minimum of 15 nM between 125 and 135 mm in 
CR-4 and 20 nM  between 95 and 105 mm in CR-5.  The solid bars represent the length 
of the sediment section from which porewaters were extracted. 
 
2.5 Discussion 
Altogether, these chemical profiles provide a clear picture of the processes 
regulating the cycling of arsenic near the sediment-water interface. The rapid decrease in 
dissolved oxygen close to the SWI (Figure 2.3a and Figure 2.4a) indicates that both 
sediments are anoxic. The low concentration of Fe(II), the absence of NO3-, and the 
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decrease in pH near the SWI suggest that a combination of aerobic respiration (Equ. 3), 
denitrification (Equ. 4), and possible chemical oxidation of Fe(II) (Equ. 5) occur only 
within the first centimeter of these sediments: 
CH2O + O2  HCO3- + H+       (Equ. 3) 
5CH2O + 4NO3-   5HCO3- + 2N2 + H+ + 2H2O (Equ. 4) 
4Fe 2+ + O2 + 10H2O  4Fe(OH)3(s) + 8H+ (Equ. 5) 
Iron oxidation is confirmed by the high concentration of amorphous iron oxides 
detected in the upper sediment of CR-4 and CR-5.  Additionally, manganese and iron 
oxide reduction is demonstrated with the production of Mn(II) and Fe(II) within the first 
3 to 4 cm of these sediments (Figure 2.3a and 2.4a).  The occurrence of metal reduction 
leads to a subsequent stabilization of the pH in the sediment porewaters (Figure 2.3b) 
because these reactions consume protons (Taillefert et al., 2002c).  Chemical reduction of 
manganese and iron oxides by dissolved sulfide (Equ. 6 and 7) may occur in sediments.  
However, the maximum concentration of dissolved sulfide available from the sulfate, 
FeS, and FeS2 present in these freshwater sediments (i.e. 50 µM) is not high enough to 
account for all the Mn(II) and Fe(II) produced (compare maximum sulfate to maximum 
Mn(II) and Fe(II) concentrations in Figure 2.3 and 2.4).  
 MnO2 + H2S + 2H+    Mn2+ + S(0) + 2H2O  (Equ. 6) 
 2Fe(OH)3(s) + H2S + 4H+    2Fe2+ + S(0) + 6H2O  (Equ. 7) 
Similarly, the chemical reduction of manganese oxides by Fe(II) is also possible (Equ. 8) 
but is usually slow above pH 4 (Postma, 1985). 
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MnO2 + 2Fe2+ + 4H2O    Mn2+ + 2Fe(OH)3(s) + 2H+  (Equ. 8) 
It can therefore be concluded that most of the reduction of manganese and iron oxides is 
microbial in these sediments.  Not surprisingly, Mn(II) reaches the sediment-water 
interface in core CR-5, suggesting that it diffuses out of the sediment at this location.  
This feature is well known and due to the slow oxidation kinetics of Mn(II) at 
circumneutral pH in the presence of oxygen (Stumm and Morgan, 1996).  The 
disappearance of sulfate within the first 40 mm of CR-4 (Figure 2.3c) suggests that 
sulfate reduction proceeds in these sediments.  Dissolved sulfide was not detected in the 
porewaters suggesting that it was removed by precipitation with FeS and FeS2.  The 
formation of iron sulfide minerals was supported by MINEQL+ calculations using an 
average pH of 6.1, Fe(II) concentration of 800 µM and assuming 50 µM H2S (i.e. the 
maximum sulfate measured) entered as HS-.  Anoxic conditions were established for 
these calculations by entering concentrations for reduced species only rather than fixing 
pE values.  The results indicate that the solubility products of pyrite, sulfur, FeS, and 
mackinawite are exceeded as listed in Table 2.1 along with solubility constants, as well as 
thermodynamic data for acid dissociation reactions of sulfide.  These calculations assume 
equilibrium and can be used cautiously as a predictive tool.  At this point, it is not clear if 
the freshwater system is not at equilibrium.  Nevertheless, the sulfate profile suggests that 
H2S is produced episodically in these sediments.  
Arsenic is thought to enter the Chattahoochee River upstream of the study 
location and is transported in the oxic river water in the form of As(V) (Lesley, 2002).  
As As(V) flows downstream, it may adsorb onto colloidal and particulate matter 




Table 2.1 MINEQL+ thermodynamic data for sulfur and iron  
INPUT:   
[H+] 7.96E-7 pH 6.1 
[Fe2+] 8.00E-4  
[HS-] 5.00E-5  
OUTPUT:   
Iron: Fe2+ 34.4%  
 Fe(HS)2(aq) 65.3% 
   
Sulfur: HS- 3.3% 
 H2S (aq) 26.9% 
 Fe(HS)2(aq) 69.2% 
   
  log Ksp SI= log (IAP/Ksp) * 
Pyrite 18.5 18.500 
Sulfur 2.44 3.957 
Wustite -11.7 -2.916 
Fe(OH)2 -13.6 -4.972 
FeS (ppt) 2.88 1.130 
Mackinawite 3.53 1.780 
 
* The solubility product (SI) is calculated by dividing the ion activity product for the 
solids (IAP) by the solubility constant for the solid (Ksp).  The IAP is determined by the 
activity of input components, and changes with pH. 
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this sediment is not a natural source of arsenic, since the concentration of dissolved 
arsenic is high near the SWI and depleted at depth, and support the earlier hypothesis that 
the anthropogenic input of arsenic is significant in the Chattahoochee River (Lesley, 
2002). 
The role of manganese and iron on the arsenic cycle has been investigated 
extensively (Pierce and Moore, 1982; Belzile and Tessier, 1990; Mok and Wai, 1990; 
Scott and Morgan, 1995; Manning and Martens, 1997; Chiu and Hering, 2000; Rochette 
et al., 2000; Appelo, 2002; Charlet et al., 2002; Kneebone et al., 2002; Bostick and 
Fendorf, 2003).  In these sediments, adsorption of arsenic should dominate in the upper 
sediments that contain the highest concentration of amorphous iron oxides.  The 
adsorption of arsenic is also affected by the degree of crystallization of the iron oxides 
because the density of adsorption sites decreases as the minerals are more crystallized 
(Dzombak and Morel, 1990). To determine the extent of adsorption of As(V) onto iron 
oxides in the first centimeters of these sediments, we implemented  a double-layer surface 
adsorption model with MINEQL+ using parameters from the literature (Dzombak and 
Morel, 1990).  The model assumes a specific surface area of 600 m2/g for amorphous iron 
oxides and two types of binding sites: high affinity sites with a density of 5 mmol/mol Fe 
and low affinity sites with a density of 0.2 mol/mol Fe.  The input concentrations used in 
the model are based on the data of Figures 2.3 and 2.4 (pH = 6.4; [AsO43-] = 150 nM; [Cl-
] = 130 µM; [Fe2+] = 10 µM; [SO42-] = 50 µM) or are estimated from previous work 
(Lesley, 2002) in the area (i.e. DIC = 300 µM).  The model was closed to the atmosphere 
with respect to carbonate.  Assuming a sediment density varying between 0.98 and 0.87 
g/cm3 clayey and silty sediments (Kastler and Wiberg, 1996), the molar concentration of 
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amorphous iron oxides is ~ 0.05 M.  The model calculation predicts that 97% and 2.9% 
of the arsenate in our system was in the form of H2AsO4- and HAsO42-, respectively, and 
is adsorbed onto iron oxides.  
As(V) is produced simultaneously with Fe(II) in the first few centimeters of both 
sediments (Figures 2.3 and 2.4). A positive correlation exists between Fe(II) and As(V) in 
both cores, though with different slopes (Figure 2.5).  From the slopes, a As:Fe(II) ratio 
of 3:10,000 in the top 25 mm of CR-4 and 6:100,000  in the top 40 mm of CR-5 were 
found.  These data indicate that adsorbed arsenic may be released during the reduction of 
iron oxides, thus confirming the significant role of iron in the arsenic cycle. These data 
also indicate that more arsenate is scavenged onto iron oxides in CR-4 than in CR-5. 
Dissolved silicates and orthophosphate were below the detection limit in both cores, 
suggesting they probably do not significantly effect arsenic mobilization in this system. 
Mn(II) depth profiles indicate that the reduction of manganese oxides occurs in these 
sediments, however their involvement with arsenic is not evident.  First, adsorption is not 
favored because at circumneutral pH, manganese oxides are negatively charged (Stumm, 
1992) while As(V) is mainly deprotonated (Postma, 1985; Stumm and Morgan, 1996).  It 
is also known that manganese oxides oxidize arsenite to arsenate (Chiu and Hering, 2000; 
Driehaus, 1995; Manning and Martens, 1997) according to: 
 MnO2 + H3AsO3    Mn2+ + HAsO42- + H2O (Equ. 9) 
However, there is an inconsistent correlation between Mn(II) and As(V) in both 
cores (not shown). The lower adsorption affinity of As(V) onto manganese oxides at 
circumneutral pH along with the poor correlation between Mn2+ and As(V) suggest that 
manganese oxides play a minor role in the arsenic cycle in these sediments. 
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Figure 2.5- Correlation between Fe(II) and As(V) between 0 and 25 mm in CR-4 
(triangles) and between 0 and 40 mm in CR-5 (circles). 
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 As previously mentioned, sulfate disappears in these porewaters, suggesting that sulfate 
reduction may occur in these sediments. It has been shown recently that dissolved sulfide 
may slowly reduce As(V) and complex As(III) in the form of electrochemically inactive 
AsOxSy  (Bostick and Fendorf, 2003; Wilkin et al., 2003) that could then undergo 
precipitation. Our measurements, however, could not detect any As(III) in solution in 
these sediments. We ruled out the possible oxidation of our samples after porewater 
extraction, because the sediment cores were sectioned, centrifuged, filtered, acidified, and 
stored at 4˚C under a N2(g) atmosphere until As(III) analysis, which was conducted within 
24 hours after collection. In addition, the arsenosulfide complexes, if present, should be 
dissociated in the acidic conditions of the As(III) analysis (pH 1) and detected 
electrochemically. 
The fact that the sediment is reduced but arsenic is oxidized may be due to the 
dynamic nature of the system studied.  The surficial sediments evaluated in this study 
were most likely deposited after the passage of Tropical Storm Bill, which impacted the 
site three weeks prior to this investigation.  It is possible that the kinetically slow 
reduction of As(V) had not occurred so soon after deposition, while microbial iron 
reduction released As(V) in solution.  Finally, the presence of As(V) and Fe(II) at deeper 
locations in CR-5 as compared to CR-4 is probably due to the more turbulent river flow 
at CR-5 where advective forces may introduce dissolved oxygen deeper into surficial 
sediments and increase erosion.  This process is evidenced by a general decrease in both 
the Fe(II) and amorphous iron oxide concentrations in the sediment of CR-5 compared to 
CR-4 (Figures 2.3 and 2.4).   
39 
Diffusive fluxes were calculated for each core using Fick’s Law with the 
molecular diffusion coefficient of phosphate as a proxy for that of arsenate (9.1 x 10-5 
cm2/sec for H2PO4-).  According to these calculations, approximately 60 to 200 nM/cm2yr 
of arsenic may be diffusing into the overlying water column from the sediment.  
Although the arsenic concentrations detected in the porewaters are not considered high 
compared to contaminated sites, the data suggest that arsenic is remobilized and may 
impact the drinking water reservoir located downstream. 
 
2.6 Conclusions 
This study successfully combined several analytical techniques to determine the 
profiles of major redox species and the speciation of As(III) and As(V) with a fine spatial 
resolution (i.e., < 10 mm) in two contaminated freshwater sediments.  Results provide 
evidence of a substantial correlation between the diagenetic processes involving iron and 
arsenic in these sediments. The sediment profiles suggest that iron oxides scavenge 
arsenic in the form of arsenate in the water column and settle to the sediment-water 
interface where they are reduced by iron reducing bacteria.  As a result of microbial iron 
reduction, As(V) is released and accumulates in the porewaters near the sediment-water 
interface, where it can diffuse back to the overlying waters.  
Interestingly, As(III) was never found in the porewaters, suggesting that the 
reduction of As(V) is a slow process that was not occurring in these recently deposited 
sediments.  Future studies will test the hypothesis that microbial and chemical reduction 
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CHAPTER 3 
EFFECT OF ARSENIC CONCENTRATION ON MICROBIAL IRON 
REDUCTION AND SPECIATION IN FRESHWATER SEDIMENTS 
 
 3.1 Abstract 
Depth profiles in the sediment porewaters of the Chattahoochee River (Georgia) 
show that iron oxides scavenge arsenate in the water column and settle to the sediment-
water-interface (SWI) where they are reduced by iron reducing bacteria.  During their 
reduction, these particles seem to release arsenic to the porewaters under the form of 
arsenate only.  Sediment slurry incubations were conducted to determine the mechanisms 
and rates of arsenic biogeochemical transformations in these sediments.  Experiments 
confirm that any arsenate (As(V)) added to these sediments is immediately adsorbed in 
oxic conditions and released in anoxic conditions during the microbial reduction of 
authigenic iron oxides.  Incubations in the presence of ≤ 1 µM As(V) reveal that arsenate 
is released but not concomitantly reduced during this process.  Curiously, microbial iron 
reduction is enhanced significantly when As(V) amendments are increased from natural 
levels to a threshold of approximately 2 to 6 µM, spurring the simultaneous formation of 
crystalline iron oxides and release of arsenate into porewaters.  Above this threshold, 
however, the microbial reductive dissolution of iron oxides is inhibited by arsenate and 
arsenite is produced, probably through a detoxification mechanism.  These findings 
suggest that arsenic may block adenosine triphosphate (ATP) formation at concentrations 
as low as 0.1 µM As(V) and that indigenous iron-reducing bacteria are able to increase 
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respiration rates to overcome this effect up to a threshold approximately one order of 
magnitude above natural levels.  These incubations show that even low inputs of arsenic 
to riverine sediments may affect microbial processes, the stability of iron oxides and, 
indirectly, the cycling of arsenic.  
 
3.2 Introduction 
Arsenic is a drinking water contaminant of major concern, and its fate in aquatic 
systems has recently been the subject of intense research (Oremland and Stolz, 2003; 
Horneman et al., 2004; O'Day et al., 2004; Oremland and Stolz, 2005).  Arsenic toxicity 
is related to its oxidation state (Slotnick et al., 2006), and its mobility in reduced 
conditions is controlled by the biogeochemical cycling of iron and sulfide (Smedley and 
Kinniburgh, 2002; Meng et al., 2003; O'Day et al., 2004).  When dissolved sulfide 
concentrations dominate in anoxic waters, sulfide precipitates arsenic-sulfide minerals 
(Rochette et al., 2000).  However, if iron concentrations are much higher than sulfide 
concentrations, sequestration of arsenic is controlled by iron (Rochette et al., 2000; Bose 
and Sharma, 2002), because aqueous sulfide is rapidly depleted during the formation of 
iron sulfide minerals.  In iron-dominated systems, arsenic is removed by adsorption onto 
iron oxides (Pierce and Moore, 1982) and is generally released in solution during the 
reductive dissolution of iron oxides (Guo et al., 1997). As a consequence, a strong 
correlation is evident between the dissolution of iron oxides and the release of arsenic in 
freshwater sediment (Aggett and O’Brien, 1985).  Arsenate is usually not reduced 
chemically by any other reductant than sulfide (O'Day et al., 2004), and the presence of 
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arsenite in anoxic, but sulfide-depleted, freshwaters has been attributed to microbial 
arsenate reduction (Newman et al., 1998; Smedley and Kinniburgh, 2002).   
The dissimilatory microbial reduction of arsenate may occur via a respiratory 
process, typically observed in the presence of high concentrations of arsenate (Stolz and 
Oremland, 1999).  Alternatively, microbial reduction of arsenate may occur through a 
detoxification process during which organisms do not acquire energy for growth 
(Saltikov et al., 2005).  So far, it has been shown with a pure culture that arsenate 
reduction as a detoxification process does not occur below a threshold of around 100 µM 
arsenate (Saltikov et al., 2005).  However, most research on the biogeochemical cycling 
of arsenic has been conducted in laboratory or environmental conditions with elevated 
concentrations of arsenic (Pierce and Moore, 1982; Cullen, 1989; Belzile and Tessier, 
1990; Stumm, 1992; Guo et al., 1997; Jain et al., 1999; Kneebone et al., 2002; Ryu et al., 
2002; Smedley and Kinniburgh, 2002; Mucci et al., 2003).  More specifically, the effects 
of low concentrations of arsenic (i.e., ≤ 10 µM) on biogeochemical processes in natural 
aquatic systems are unknown. 
In this study, we investigated the chemical and biological processes involved in 
arsenic diagenesis in the sediment of the Chattahoochee River, an area of relatively low 
arsenic and sulfide concentrations, but where arsenic accumulates in the water column 
upstream from the selected sites (Lesley, 2002).  Porewater depth profiles illustrated the 
dominance of iron reduction processes on arsenic cycling.  After a severe flood that 
accumulated fresh particles at the sediment-water interface (SWI), arsenate was released 
in the porewaters below the SWI and diffused into the overlying waters.  Although 
informative, depth profiles by themselves cannot clearly establish the biogeochemical 
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processes regulating the speciation of arsenic in these sediments.  Thus, sediments from 
the same area were incubated to investigate the impact of arsenate concentrations on the 
biogeochemical cycling of iron, manganese, and arsenic.  
 
3.2.1 Study Site 
The study site is a section of the Chattahoochee River located in the Middle 
Chattahoochee-Lake Harding Watershed near LaGrange, GA.  The biogeochemical 
cycling of arsenic in these waters is a major concern since elevated total arsenic 
concentrations were detected in the water column (Lesley, 2002) and sediment (Chow 
and Taillefert, 2005) upstream of West Point Lake Reservoir.  Although levels are below 
the drinking water standards of 133 nM (10 ppb), chronic exposure to sub-acute levels 
(Slotnick et al., 2006) potentially ingested via water supplies, may represent a danger for 
local residents and consumers of locally grown crops, such as rice (Williams et al., 2007).  
In addition, this location was subjected to severe flooding that potentially shifted the 
redox transition zone and temporarily altering biological and chemical processes (Mucci, 
2002; Chow and Taillefert, 2005).  Two sites were selected for this study.  The first site 
represents an area along the southwest bank of the Chattahoochee River at the mouth of a 








3.3 Materials and Methods 
3.3.1 Porewater Measurements  
Sediment cores were collected with a sediment corer from the two sites (PC and 
RB) in the early summer of 2003 and 2004.  In situ pH minielectrode (Diamond General) 
and voltammetric microelectrode depth profiles were collected within five hours after 
collection.  High resolution voltammetric and pH depth profiles were respectively 
measured with an Au/Hg microelectrode (Brendel and Luther, 1995; Chow and Taillefert, 
2005) and a pH minielectrode (Diamond General) connected to a dual potentiostat and 
voltmeter (DLK-100, Analytical Instrument Systems, Inc. (AIS, Inc.)). To obtain depth 
profiles, the electrodes were lowered in millimeter increments in the sediment by a 
micromanipulator (AIS, Inc.) controlled by the computer-operated potentiostat.  Square 
wave voltammetry was applied cathodically (CSWV) from –0.1 V to –1.8 V with a scan 
rate of 200 mV/s after conditioning steps at -0.9 and -0.1 V for 10 seconds.  
Concentrations of O2, ΣH2S (H2S+HS-+S0 +Sx2-), Fe(II), and Mn(II) and presence of 
organic complexes of ferric iron (org-Fe(III)) and aqueous complexes of FeS were 
measured at least in triplicate.  Immediately following completion of voltammetric 
profiles, sediments were sectioned for porewater analysis.    
Immediately following completion of voltammetric profiles, the sediments were 
sectioned, centrifuged under N2(g) atmosphere, and porewaters filtered (0.2 µm Whatman 
Puradisc).  Aliquots from each section were frozen until analysis (e.g. anions, silicates, 
and TOC) or acidified with 1% HNO3 and maintained under N2(g) atmosphere at 4˚C 
until analysis.  Porewater sulfate, nitrate, and chloride were measured by ion 
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chromatography (Dionex Model 300) with anion exchange and guard columns (IonPac 
AB14A and AG14A).  Dissolved orthophosphate and silicate were determined by 
spectrophotometry (Strickland, 1952; Murphy, 1962).  Total organic and inorganic 
carbon in porewaters was analyzed with a TOC analyzer (Sievers Instruments).   
 
3.3.2 Solid Phase Analyses   
Amorphous iron oxides were extracted from wet sediments by the ascorbate 
method (Kostka and Luther, 1994), while total reactive iron, including amorphous and 
crystalline iron oxide and iron from the acid volatile sulfide (AVS) fraction, was 
extracted by the dithionite method (Kostka and Luther, 1994).  As the sulfur content of 
the porewaters is low in these freshwater sediments, iron from the AVS fraction is 
probably not significant, and the difference between total reactive and amorphous iron 
concentrations can be attributed to the crystalline iron fraction mainly (i.e. goethite, 
hematite, and magnetite).  Total iron, including crystalline and amorphous iron oxides, 
iron from the AVS fraction, and iron-containing clays (Kostka et al., 1999), was also 
extracted with 1 M HCl on wet sediments.  The ascorbate extraction was also used to 
determine concentrations of amorphous manganese oxides and the HCl extraction to 
quantify crystalline manganese oxides including those associated with carbonate and 
aluminum silicates (Hyacinthe et al., 2001).   
Depth profiles of total solid arsenic in sediment cores were quantified after a hot 
acid extraction at 80˚C for 6 hours with 1 M Aqua regia.  In contrast, arsenic was 
extracted from incubated sediments using four parallel extractions: 1) 1 M NaH2PO4 for 
24 hours to obtain poorly to mildly adsorbed arsenic by ligand exchange (Goh and Lim, 
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2005); 2) 1 M HCl for 1 hour to liberate arsenic co-precipitated with highly amorphous 
iron oxyhydoxides (Goh and Lim, 2005) and carbonates (Ona-Nguema et al., 2005); 3) 1 
M HNO3 for 1 hour to extract arsenic co-precipitated with pyrite and amorphous As2S3 
(Ona-Nguema et al., 2005); 4) 1 M Aqua regia for 6 hours at 80˚C to extract total arsenic 
(Shaw, 2006), including that bound to biogenic magnetite, silicates, and organic matter 
(Horneman et al., 2004).  Just before analysis, sediments were centrifuged for 10 minutes 
at 3000 rpm and supernatants filtered (0.2 µm Whatman Puradisc).  Sediment sections 
displaying the highest arsenate concentrations in the porewaters were selected for the 
incubation experiments.   
 
3.3.3 Sediment Incubations   
Wet sediment sections were homogenized into slurries and incubated in triplicate 
Hungate anaerobic culture tubes (Bellco, Inc.) to account for the heterogeneity between 
solid samples.  All reactor parts and solutions were autoclaved at 250°C for 30 minutes.  
Just before use, 5 g of wet sediment was placed into each reactor with 15 mL of 
autoclaved Chattahoochee River Water.  The reactors were then amended with either 0, 
0.1, 1, or 10 µM of As(V) stock under controlled oxic atmosphere and kept in the dark at 
25°C for 24 hours to allow adsorption of As(V) onto the natural sediment.  After 24 
hours, the supernatant was purged with N2(g), and the reactors were sealed with butyl 
rubber stoppers, crimped with aluminum caps, and kept in the dark at 25°C while rotating 
at 40 rpm for the duration of the experiment.  Aliquots were periodically collected inside 
an anaerobic chamber for analyses of As(III), dissolved arsenic (AsD), Fe(II), Mn(II), pH, 
and ΣH2S as a function of time.  Voltammetric measurements of As(III) were performed 
using a hanging mercury drop electrode (HMDE) stand model 663 VA (Metrohm) and a 
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DLK 60 potentiostat (AIS, Inc.) with a glassy carbon rod as counter electrode and an 
Ag/AgCl/KCl (3M) as reference electrode.  As(III) was measured indirectly as an arseno-
copper complex formed on the mercury drop (Li and Smart, 1996) with a detection limit 
of 0.2 nM (Ahmann, 1997).  Total dissolved arsenic concentrations (AsD) were 
determined in triplicate with an Agilent 7500a Inductively Coupled Plasma-Mass 
Spectrometer (ICP-MS) using quality controls and certified reference material solutions 
to verify accuracy (Ahmann, 1997).  As(V) concentrations were determined by difference 
between AsD and As(III).  Mn(II), Fe(II),ΣH2S, and pH were measured electrochemically 
as described for the depth profiles.  After in situ measurements, additional Fe(II) and total 
dissolved iron concentrations were analyzed using the Ferrozine method (Stookey, 1970).  
Aliquots were analyzed for the same suite of species measured in porewaters.  Each 
aliquot was analyzed in triplicate, therefore, mean concentrations and standard deviations 
reported represent an average of nine measurements (triplicate analyses of triplicate 
reactors) for each treatment.   
After 160 days, the speciation of iron, manganese, and arsenic was determined in 
the solid phases of reactor sediments by the same methods used to determine depth 
profile fractions.  Sediment from each reactor was sectioned in triplicate, thus the 
concentrations presented represent the average of at least nine replicates: three 
extractions per method for each of the triplicate sub-section.  Concentrations were 






3.4 Results and Discussion 
 
3.4.1 Sedimentary Arsenic Transformation  
Both sediments were anoxic (Figures 3.1a and 3.2a), but not sulfidic.  The pH 
decreased within 10 mm in RB and 4 mm in PC, then rebounded and stabilized deeper 
around a pH of 7.3.  These pH profiles indicate that respiration and denitrification were 
both ongoing in the first 10 mm, as already determined just after a flood event, and that 
iron and manganese reduction probably dominated diagenetic processes deeper in these 
sediments.  Indeed, Mn(II) concentrations increased to ~ 500 µM around 25 mm in both 
sediments, then stabilized around this value in RB (Figure 3.2a) or decreased with depth 
in PC (Figure 3.1a).  Fe(II) was produced below the pH minimum at both locations and 
reached 950 µM at 31 mm in RB and 320 µM at 26 mm in PC.  While Fe(II) disappeared 
at 70 mm in RB, the concentration of Fe(II) progressively increased in PC to a maximum 
of 545 µM at 73 mm.  The production of soluble organic-Fe(III) complexes also 
coincided with the onset of Fe(II) in each core (Figure 3.1a and b and Figure 3.2a and b).  
Current intensities of soluble organic-Fe(III) complexes reached 75 nA within a 5 to 8 
mm gradient and stabilized between 75 and 100 nA (Figure 3.1b and 3.2b).  The good 
correlation between soluble organic- Fe(III) complexes and Fe(II) in both sediments may 
indicate the intermediate formation of soluble Fe(III) complexes prior to reduction (Chow 
and Taillefert, 2005; Taillefert et al., 2002a).  A distinct voltammetric signal for ΣH2S 
was detected at 17 mm in RB, just below the onset of Fe(II).  ΣH2S reached a 
concentration of 75 µM at 28 mm and stabilized around that value deeper, though it was 
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Figure 3.1 – Depth profiles obtained by microelectrodes and porewater extractions in 
Placid Cove sediment in July 2004: a) O2(aq), Fe(II), and Mn(II); b) ΣH2S, org-Fe(III), and 
pH; c) ΣPO4D and ΣAsD in extracted porewaters; d) solid phase Fe-oxides; and e) solid 
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Figure 3.2– Depth profiles obtained by microelectrodes and porewater extractions in 
River Bend sediment in July 2004: a) O2(aq), Fe(II), and Mn(II); b) ΣH2S, org-Fe(III), and 
pH; c) ΣPO4D and ΣAsD in extracted porewaters; d) solid phase Fe-oxides; and e) solid 
phase AsT, sediment-water interface (SWI) indicated by the dashed line. 
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technique used for these measurements cannot separate sulfide species from elemental 
sulfur, it is not clear what the oxidation state of sulfur is in this sediment.  Nonetheless, 
interstitial ΣH2S concentrations were always minimal in RB cores and never detected in 
any cores from the PC site.   Interstitial ΣH2S was never detected during the incubation 
experiments, suggesting that reduction of iron and/or arsenate by ΣH2S did not occur.   
Total dissolved orthophosphate ranged between 2.5 and 3 µM in the overlying 
water and porewaters in RB, while it increased to 6 µM below 60 mm in PC (Figure 3.1c 
and 3.2c).  The concentration of total organic carbon varied between 500 µM in CRW 
and 330 and 400 µM in RB and PC porewaters, typical of freshwater concentrations.  It is 
worth noting that the ratio of total organic carbon compared to other redox-active solutes 
is high in this system.  Average concentrations of 130 µM Cl- and 28 µM NO3- were 
found throughout the porewaters and the overlying water.  In contrast, SO4 2- decreased 
from 45 µM at the SWI to below detection limits within 10 mm in both sediments.  The 
concentrations supplied to incubations for biotic and abiotic processes were limited to 
these initial levels.   The dissolved silica was below detection limit in the water column 
and approximately 2 µM in the porewaters (not shown). 
The primary objectives of this study were to identify the major redox processes 
controlling arsenic speciation in these iron–rich sediments and investigate how they are 
affected by increasing concentrations of arsenate that could be supplied by the 
Chattahoochee River.  Depth profiles of total dissolved arsenic (AsD) in both cores 
(Figures 3.1c and 3.2c) displayed similar trends: AsD increased below the SWI, reached a 
maximum of 156 nM between 20 and 33 mm for RB and 227 nM between 55 and 65 mm 
for PC, and stabilized at these concentrations deeper.  As(III) concentrations were below 
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detection limit in all porewaters collected in 2003 and 2004, indicating that dissolved 
arsenic was mainly under the form of arsenate  in these sediments.  More specifically, 
sediment depth profiles demonstrate arsenate accumulates in the porewaters near the SWI 
and diffuses back to the overlying waters at both sites (Figures 3.1 and 3.2).  The flux of 
As(V) to the overlying water decreases from 135 and 267 nmol cm-2 y-1 in flood-
impacted RB and PC cores (Chow and Taillefert, 2005), down to 54 and 80 nmol cm-2 y-1 
in base flow conditions.  The accumulation of As(V) in the porewaters coincides with the 
production of both Fe(II) and Mn(II) (Figures 3.1 and 3.2) revealing that arsenate was 
released during the reductive dissolution of iron and manganese oxides.  The 
concentration of dissolved sulfide was either insignificant or much smaller than that of 
Fe(II) at both sites suggesting that the reduction of iron oxides was mainly microbial in 
these sediments (Figures 3.1 and 3.2). 
RB sediment contained 56 (± 0.17) µmol/g amorphous iron oxides just below the 
SWI and displayed a maximum of 89 (± 0.23) µmol/g at 20 mm before decreasing 
regularly to 23 (± 0.28) µmol/g at 85 mm (Figure 3.2d).  In contrast, amorphous iron 
oxide concentrations, ranging from 140 to 222 µmol/g, were much higher and uniform in 
PC (Figure 3.1d).  The solid phase arsenic profile matched that of amorphous iron oxide 
and was constant around 140 (± 20) nmol/g in RB (Figure 3.2e).  In turn, solid phase 
arsenic was generally higher around 189 (± 20) nmol/g over the first 30 mm in PC and 
formed a peak with a maximum of 550 (± 3) nmol/g As(V) at 40 mm.  Solid phase iron 
and arsenic depth profiles show that in base flow conditions, the distribution of iron and 
arsenic is more uniform than just after flooding events (Chow and Taillefert, 2005), 
suggesting that arsenic-bearing iron oxides accumulate at the SWI during the flooding 
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events.  Deposition of fresh particles is not uncommon after flooding events and may 
have significant effects on processes establishing redox zonation (Mucci, 2002). 
It is widely accepted that As(III) is the dominant arsenic species under reducing 
conditions (Smedley and Kinniburgh, 2002).  Therefore, the absence of As(III) in anoxic 
porewaters at both locations and in different flow conditions was unexpected.  Initially, 
the absence of As(III) in reducing conditions was attributed to the disruption of regular 
redox zonation by recent particulate deposition after a flooding event (Chow and 
Taillefert, 2005).  However, the same behavior was observed in sediments from the same 
sites under base flow conditions (Figures 3.1 and 3.2), indicating that these processes are 
independent of the flow conditions in the Chattahoochee River.  These findings imply 
that the reduction of As(V) is either a slow process in these sediments or that another 
process, such as adsorption onto metal oxides (Pierce and Moore, 1982; Belzile and 
Tessier, 1990), anaerobic oxidation by nitrate-reducing bacteria (Oremland et al., 2002), 
or chemical oxidation by chelated Fe(III) (Hoeft et al., 2002) or manganese oxides (Chiu 
and Hering, 2000) removes As(III) rapidly.   
 
3.4.2 Effect of Arsenate Concentration on Microbial Iron Reduction 
The extent of reductive dissolution of authigenic iron oxides and its effect on 
arsenic speciation at increasing arsenate amendments were investigated in sediment 
slurry incubations.  Approximately 200 nM As(V) from the original sediment was present 
in all sediment slurries at the beginning of the incubations.  Incubations established that 
arsenate added to the sediment is initially removed from porewaters (Figures 3.3 and 3.4), 
probably by adsorption onto authigenic iron oxides only.  Depending on the treatment,  
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Figure 3.3- Time evolution of Fe(II), Mn(II), As(V), and As(III) concentrations 
during incubations of River Bend (RB) sediments at different initial arsenate 
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Figure 3.4- Time evolution of Fe(II), Mn(II), As(V), and As(III) concentrations 
during incubations of Placid Cove (PC) sediments at different initial arsenate 
amendments: 0 µM (squares), 0.1 µM (open diamonds), 1µM (circles), and 10 µM (open 
triangles).  
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the pH of sediment slurries decreased from 6.95 in the beginning of the experiments to a 
range between 6.20 and 6.59 after 160 days (not shown).  Natural manganese oxides 
generally carry negative surface charges at the initial pH of both natural and incubated 
sediments and should, therefore, not scavenge arsenate significantly (Ouvrard et al., 
2005).   
All arsenate treatments in both PC and RB sediments displayed a progressive 
release in As(V) until 45 to 65 days, followed by a gradual removal of As(V) from 
porewaters for the duration of the incubations (Figures 3.3 and 3.4).  More importantly, 
these incubations showed that As(V) loading impacted the reductive dissolution of both 
iron and manganese oxides, as well as the reduction of As(V) in these sediments.  Mn(II) 
and Fe(II) were produced over time in each incubation, reached maximum concentrations 
around day 45, then manganese stabilized as iron was slowly removed from the 
porewaters (Figures 3.3 and 3.4).  Low but slightly above background concentrations of 
As(V) (0.1 to 1 µM) accelerated an increase in the production of both Mn(II) and Fe(II) at 
both sites though in greater concentration for Fe(II) than Mn(II) (Figures 3.3 and 3.4).  
As(III) production was below the detection limit for all of the reactors with initial 
arsenate amendments lower than 1 µM (Figures 3.3 and 3.4).  In turn, an average of 3 (± 
1) nM of As(III) was detected between 35 and 65 days in both RB and PC sediments 
amended with 1 µM As(V).  More importantly, As(III) was produced after 10 days in the 
10 µM As(V)-amended reactors of both sites and steadily increased to maxima of 49.4 
nM in PC and 41.4 nM in RB at day 45, before decreasing gradually to below detection 
limit by day 160.  In contrast, a decline in iron reduction accompanying the production of 
As(III) was observed in the highest arsenic amendments.  
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The effect of arsenic on microbial processes is a function of its oxidation state 
(Oremland and Stolz, 2005).  As(III) reversibly combines with thiol groups, via cellular 
proteins such as aqua-glycerolporin, and affects cellular processes (Oremland and Stolz, 
2005).  In turn, As(V) substitutes for phosphorus and inhibits oxidative phosphorylation 
in the formation of adenosine triphosphate (ATP) necessary to generate energy (Stolz and 
Oremland, 1999).  Therefore, the increase in reductive dissolution of iron oxides in these 
incubations may have risen from efficient substitution of As(V) for PO43- during ATP 
formation in indigenous iron reducing bacteria.  This substitution would limit ATP 
production and promote an increase in anaerobic respiration of iron oxides to achieve a 
similar output of metabolic activity.  Incubations revealed an apparent increase in the rate 
order of iron reduction with increasing arsenic concentrations (Figures 3.3 and 3.4).  
Fe(II) production in the non-amended reactors was indicative of a zero-order rate law 
(Appendix Figure B.1), while its production followed an apparent first-order rate law 
when arsenic concentrations increased up to 1 µM (Appendix Figure B.2).  The rate law 
for iron respiration is proportional to the cell concentration, the concentration of electron 
donors and acceptors, and the thermodynamic driving force (Jin and Bethke, 2005).  As 
these incubations were subject to the exact same terminal electron acceptor and donor 
concentrations, and as the number of cells, at least initially, can be assumed constant 
between reactors, the only parameter that could change between incubations was the 
thermodynamic driving force.  The thermodynamic driving force, FT, depends on the 

























exp1   (Equ. 1) 
where ∆Gredox is the Gibbs free energy change of the redox reaction between terminal 
electron acceptor and donor,  ∆Gp is the Gibbs free energy change of ATP synthesis and 
is related to the proton motive force (Equ 2.), m is the number of ATP molecules 
synthesized, χ is an estimated average stoichiometric number of ATPs synthesized per 
reaction turnover, R is the gas constant, and T is the absolute temperature (Jin and 







ATPmRTGG pp  (Equ. 2) 
Initially, it can be assumed that the ∆Gredox remained constant between 
incubations.  Therefore, if arsenate blocked ATP formation, ∆Gp decreased and the 
thermodynamic driving force increased.  An increase in thermodynamic driving force has 
a non-linear effect on the rate law and can account for the enhanced rate of iron 
respiration observed in reactors with 0.1 and 1 µM As(V) amendments.  These results 
also imply that indigenous microorganisms were not respiring on iron oxides at 
maximum rate in unamended incubations.    
At high concentrations of arsenate (>1 µM), the rate of iron reduction decreased.  
This decrease most likely reflected an inhibition process due to the presence of high 
arsenic concentrations.  The effect of inhibition on rates of reaction can be examined 
using Michaelis-Menten kinetics (Bailey and Ollis, 1986).  The rate law for microbial 
iron reduction may be written as: 
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==   (Equ. 3) 
where Rmax is the maximum rate of iron reduction, [Fe(OH)3(s)] is the concentration of 
iron oxides substrate calculated as the difference between the initial total reactive iron 
([Fe(OH)3(s)0]) and the concentration of dissolved ferrous iron produced ([Fe(II)]) over 
time, and Kapp is the apparent Michaelis-Menten rate constant modified to include arsenic 
inhibition.  Equation 3 was integrated using a fourth order Runge-Kutta numerical 
procedure, and Rmax and Kapp values were optimized to fit experimental data (Fe(II) 
produced) from each reactor using a least-square non-linear fitting procedure written in 
MatlabTM (Appendix B).  While Kapp increased linearly as a function of the arsenic added, 
the optimized Rmax in both RB and PC sediments was estimated to be 100 µM/d for iron 
oxides in all incubations, except in 1 µM As(V) amendments.  The higher Rmax estimated 
from 1 µM As(V) amendments suggests supplemental reduction activity, possibly a result 
of enhanced respiration caused by the arsenate stress described above.  An increase in 
Kapp but constant Rmax associated with incubations conducted at high arsenic levels (10 
µM) compared to low levels (≤ 1µM) indicates that arsenic inhibition was fully 













4   (Equ. 4) 
where Km is the Michaelis–Menten constant for iron respiration, [HAsO42-] is the total 
concentration of inhibitor, and KAs is the inhibitor constant.  The Michaelis-Menten 
constants for iron reduction (Km) and arsenic inhibition (KAs) were calculated for the 
sediment of each site based on the linear relationship between optimized Kapp and the 
As(V) concentration of each incubation (Appendix Table C.1 and Figure C.3).  
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Ominously, calculated toxicity thresholds (KAs) ranged between 2 ± 0.65 µM for RB and 
4 ± 1.5 µM for PC sediments.  The Km estimates for iron reduction (1 ± 0.58 for RB and 3 
± 0.32 for PC) are 1 to 4 orders of magnitude lower than those from synthetic iron oxide 
and pure culture experiments of iron reducing bacteria in the absence of inhibitor 
(Bonneville et al., 2004).  Fundamentally, the lower Km suggests more efficient enzyme-
substrate complexation by indigenous iron-reducing bacteria (Bailey and Ollis, 1986).  
Our findings indicate that these bacteria are able to overcome the inhibition of ATP 
formation when concentrations of arsenate are in the range of 0.1 to 1 µM (i.e. below 
toxicity threshold) by increasing anaerobic respiration of iron oxides.  When the 
concentration of arsenate reaches the toxicity threshold (KAs), however, the ATPase is 
probably completely complexed by arsenate, and iron respiration is inhibited.  As rates of 
iron reduction never completely decrease to zero in the highest As(V) amendments, these 
experiments demonstrate that microbial iron reduction will not be completely impaired in 
these sediments.  
Alternatively, the addition of As(V) to reactor sediments could hypothetically 
stimulated ATP production and Fe respiration by liberating phosphate bound to metal 
oxides.  However, the preferential adsorption of HAsO42- needed to liberate HPO42- by 
ion exchange (Manning and Goldberg, 1996) is less likely in the circum-neutral pH range 
of the incubation slurries.  In addition, microorganisms store excess phosphate in their 
cell tissues for ATP production, therefore if some phosphate is displaced by the low 
arsenate additions, it should not affect microbial iron respiration.  Our data can not fully 
dispute this alternative hypothesis, therefore competitive adsorption of phosphate and 
arsenate on natural sediments should be investigated in greater detail with respect to iron 
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respiration.  Regardless, iron respiration was enhanced by the addition of low levels of 
As(V) whether directly or indirectly through phosphate liberation.    
 
3.4.3 Effects of Arsenate Concentrations on Sediment Transformation  
Figures 3.5 and 3.6 illustrate the similarities between the solid phase composition 
of both RB and PC sediments.  Initially, both sediments contained 73 (±10) µmol/g of 
amorphous and crystalline iron oxides (Figure 3.5).  At the end of the incubations, all 
sediments demonstrated a decrease in amorphous iron oxide concentrations.  In contrast, 
the concentration of crystalline iron oxide increased significantly in both PC and RB 
sediments that demonstrated enhanced microbial reductive dissolution (0.1 and 1 µM), 
but only slightly in the 10 µM As(V) amendment (Figure 3.5a).  These data suggest that 
Ostwald ripening of amorphous iron oxides to more thermodynamically stable phases 
occurred during the incubations, probably accelerated by high concentrations of Fe(II) 
(Hansel et al., 2005).  Indeed, sulfate, pH, and Fe(II) ranges in all our reactors were 
conducive of secondary solid-phase transformation to goethite (Hansel et al., 2005).  The 
increase in crystalline iron oxides correlated with the rate of iron reduction and indicates 
that the increase in As(V) loading impacted both iron reduction rates and the mineralogy 
of iron oxides.  In contrast, the concentration of amorphous and crystalline manganese 
oxides did not change considerably over the course of the incubations (Figure 3.5b), 
implying that manganese reduction was not significantly affected by the increase in 



































































































Figure 3.5- a) Amorphous and crystalline iron oxides; and b) amorphous and 
crystalline manganese oxides at the end of the incubations in the Placid Cove (PC) and 
River Bend (RB) sediments exposed to different As(V) concentrations.  The unamended 










































































































Figure 3.6- Solid Phase Extractions of: a) arsenate; and b) arsenite after incubations in 
the Placid Cove (PC) and River Bend (RB) sediments in the case of the 0.1, 1 and 10 µM 
As(V) amendments.  The unamended samples were quantified at time 0 only. 
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Comparison of the different solid phase extractions of As(V) (Figure 3.6a) 
demonstrates that most of the As(V) was in fact adsorbed and not incorporated into the 
iron oxide lattice during re-crystallization, regardless of the As(V) load.  In addition, 
arsenite formed in these incubations was partly adsorbed onto iron oxides and dissolved 
in the porewaters (Figure 3.6b).  The secondary mineralization of amorphous iron oxides 
to more crystalline phases (Hansel et al., 2005) is accompanied by a decrease in specific 
surface area, and thus site densities, which decreases sorption of both arsenate and  
arsenite (Dixit and Hering, 2003; Ona-Nguema et al., 2005).  Thus, maturation of the iron 
oxides spurred by the presence of arsenate probably decreased the ability of authigenic 
sediments to retain arsenic.  To illustrate this effect, the release of arsenate into the 
porewaters was correlated to the production of Fe(II) as a function of time.  To compare 
the different incubations, As(V) levels were also normalized to the total As(V) 
concentration, including the initial solid phase and porewater amendments.  In general, 
the ratio of As(V) to Fe(II) for both PC and RB sites were similar and showed that the 
fraction of As(V) released initially increased proportionally to the concentration of Fe(II) 
produced in all the As(V) amendments (Appendix Table C.1).  Once iron reduction 
reached steady- state (i.e. ~45 to 85 days), however, adsorbed As(V) was released in 
excess compared to Fe(II) in the 0.1 and 1 µM As(V) amendments, resulting in a slight 
decrease in the correlation coefficients.   Simultaneously, the concentration of total 
arsenic extracted by Aqua regia was between 46 and 63 % higher in the 1 and 10 µM 
reactors than in the low amendment incubations (Figure 3.6a).  These data indicate that 
As(V) was partly released during the recrystallization of iron oxides in the 0.1 and 1  µM 
As(V) incubations and partly associated with silicates, magnetite, or organic matter when 
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As(V) loading was ≥ 1 µM.  Indeed, biogenic magnetite formation is promoted by surface 
loads greater than 0.3 mM Fe(II) (Hansel et al., 2005), well within the range of Fe(II) 
levels in these sediments, suggesting that As(V) may also be sequestered during 
recrystallization of amorphous iron oxides into biogenic magnetite.      
The absence of As(III) in the porewaters of incubations with initial As(V) ≤ 1µM 
was likely not due to its removal by oxidation nor its incorporation in the solid phase.  
These incubations were conducted in anaerobic conditions, and chemical oxidation of 
As(III) by MnO2 (Chiu and Hering, 2000) probably did not dominate in this sediment, 
because Mn(II) and As(III) were produced simultaneously in the 1 and 10 µM As(V) 
amendments (Figures 3.3 and 3.4).  In addition, phosphate-exchangeable As(III), As(III) 
bound to iron oxides, and As(III) precipitated with pyrite and arsenopyrite were below 
detection limit in both sediments amended with ≤ 1µM As(V) (Figure 3.6b).  At higher 
As(V) loads (>1 µM), As(III) was probably produced by microbial reduction of As(V), as 
dissolved sulfide (abiotic reductant) was not detected during the incubations.  Assuming a 
first order rate law of arsenate reduction (modified Michaelis-Menten equation), the rate 




IIIAsd   (Equ.5) 
where k is the rate constant (d-1) and [HAsO4 2-] is the initial concentration of As(V) 
adsorbed onto iron oxides (nmol/g) in these sediments.  The latter was calculated from 
the maximum amount available for desorption prior to reduction (i.e. sediment content 
plus amendment) and the maximum concentration of As(III) measured (Figures 3.3, 3.4, 
and 3.6b).  Rate constants of 0.029 ± 0.006 and 0.0279 ± 0.008 (d-1) were calculated from 
As(V) reduction in the 10 µM As(V) amendments for PC and RB, respectively.  Rate 
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constants from pure culture studies tend to be 5 to 10 orders of magnitude lower for 
As(V) detoxification compared to As(V) respiration (Newman et al., 1998; Jones et al., 
2000).  The rate constants calculated from our incubations are two orders of magnitude 
lower than detoxification rate constants determined with microorganisms isolated from 
soils (Jones et al., 2000), suggesting that As(III) production in these incubations was a 
result of detoxification.  In similar fashion to As(V), As(III) was slowly removed by 
adsorption at the end of both sets of 10 µM amended incubations (Figures 3.3 and 3.4).  
Equivalent concentrations of arsenite were detected in both HNO3 and HCl extractions of 
the 10 µM As(V)-amended sediments but, as expected, not in the PO43- exchangeable 
extractions (Figure 3.6b).  The solid phase analysis confirmed that the majority of As(III) 
produced was immobilized in the sediments. These findings demonstrate that 
Chattahoochee River sediments can retain As(III) produced by iron-reducing bacteria.   
 
3.4.4 Environmental Implications 
Our incubations show that the indigenous iron-reducing bacteria may accelerate 
iron respiration to overcome an up to 1 µM increase in arsenic loading to sediments.  
However, if As(V) input to sediments rise by one order of magnitude above the current 
porewater content (i.e. 200 nM), iron respiration will be inhibited and As(III) produced in 
significant quantities.  The present river waters contain in average about 40 nM of As(V) 
in the dissolved phase (Lesley, 2002) that can be delivered to the sediments, especially 
during flood events (Chow and Taillefert, 2005).  If the loading of As(V)  to these 
sediments persists or increases, the currently abundant amorphous iron oxides will be 
transformed into more stable iron oxides with lower adsorption capacity for As(V).  
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Compounded with the production of As(III), if the toxicity threshold is exceeded, these 
sediments may be a non-point source of  both As(V) and As(III) to the overlying waters, 
including the drinking water reservoir of West Point Lake which currently complies to 
State and Federal standards.  These incubations show that to prevent hazardous 
conditions, it is necessary to maintain the concentration of arsenate in the porewaters 
below the estimated threshold of 2 to 6 µM. 
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3.6 Supporting Information Available (Appendices B and C) 
Figures are provided in Appendix B to demonstrate non-amended reactors 
followed a zero-order rate law (Figure B.1) while reactors with up to 10 µM As(V) added 
followed first-order rate laws (Figure B.2) represented by the data from the 1 µM 
triplicate reactors of Placid Cove sediments.  Figure B.3 represents the composite of the 
correlation between Fe(II) and As(V) concentrations released over time in triplicate 
reactors.  These slopes were used to calculate the potential binding sites occupied on Fe-
oxides.  A descripition of the kinetic model, model output figures (C.1 to C.3), and 
tabulated input and output kinetic data (Table C.1) are provided in Appendix C. 
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CHAPTER 4 
CONSEQUENCES OF TIDAL FORCING ON THE DISTRIBUTION 
OF TRACE METALS IN THE REDOX TRANSITION ZONE OF 
THE CHESAPEAKE BAY 
 
4.1 Abstract  
A combination of in situ measurements with discrete water sampling was utilized 
to determine the influence of tidal variations on the cycling of trace metals during two 
consecutive tidal cycles in the Chesapeake Bay (MD) during the peak anoxic/hypoxic 
season.  In situ profiles show as the tides progress from high to low, both buoyant oxic 
freshwater and saline suboxic waters flowing seaward result in the vertical mixing of oxic 
and anoxic waters that shifts the oxycline up in the water column.  At the next flood tide, 
the oxycline is lowered in the water column when oxygenated dense seawater flowing 
landward sinks in water column.  The expansion of the anoxic zone as tides ebb and 
compression caused by destratification during flood tide shifts the distribution of both 
sulfide and manganese.  As tides oscillate, dissolved Mn and sulfide accumulate in the 
suboxic zone.  The increase of dissolved manganese and sulfides below the oxycline 
seems to be accompanied by an enrichment of dissolved trace metals, especially during 
the 2nd tidal cycle.  The distribution of uranium and barium, two natural conservative 
tracers, during both tidal cycles indicates mixing of buoyant freshwater and denser 
oceanic water in the Chesapeake Bay, and sediment-water interactions result in an input 
of dissolved constituents, with no significant sediment resuspension, to the overlying 
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waters during the 2nd tidal cycle.  More specifically, the bottom water enrichment is much 
higher for dissolved lead, chromium, and maybe copper during the 2nd tidal cycle, while 
no perceptible change is observed for dissolved cobalt and nickel, and a decrease in 
dissolved arsenic is evident.  This research suggests that suboxic dissolved sulfides, 
chromium, manganese, cobalt, copper, arsenic, barium, lead, and uranium concentrations 
are enriched from tidally-driven horizontal advective flushing of chemical reserves stored 
in Chesapeake Bay sediments, regardless of resuspension.  More importantly, the 
magnitude of fluxes of trace metals from the sediment is regulated by the chemical 
reactivity of trace metals with sulfide in the sediment.  While Co and Ni are preferentially 
retained onto pyrite due to their low rate of water exchange compared to Fe, Cu, Pb, and 
Cr are likely unreactive with respect to iron sulfide minerals due to their high rate of 
water exchange.  Therefore, Pb, Cu, and Cr may preferentially form MeS or be released 
in the overlying waters if dissolved sulfide levels are not significantly enough to induce 
precipitation of discrete sulfide phases.  In turn, the removal of arsenic during the 2nd 
tidal cycle may be due to its co-precipitation with pyrite in the sulfidic bottom waters.    
Overall, trace metal cycling at the redox transition in the Chesapeake Bay is influenced 




The water column of the Chesapeake Bay is subject to three modes of circulation: 
river-forced, wind-forced, and gravitational (Goodrich and Blumberg, 1991) that play 
important roles in the seasonal variability of biogeochemical processes  (Schubel, 1968; 
Schubel and Pritchard, 1985; Boicourt, 1992; Roman et al., 2005).   The confluence of 
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riverine and denser marine waters results in the suppression of vertical exchange and 
establishes longitudinal and lateral density gradients throughout the Bay.  This 
stratification of the water column, characterized by a more saline lower-layer that is 
influenced by tides, drives estuarine circulation (Pritchard, 1952).  Local wind and 
weather patterns may also affect tides by moving water away from coastlines (offshore 
winds), exaggerating low tide exposures, or virtually eliminating low tide exposures with 
onshore winds (Goodrich and Blumberg, 1991; Guo and Valle-Levinson, 2007).  Wind-
driven mixing associated with strong storm events may cause surface waters to flow 
landward, resulting in episodic periods of water column destratification that are rapidly 
reestablished by density gradients (Goodrich et al. 1987).  The combined effect of wind-
forcing and longitudinal density gradient is responsible for the two-layered estuarine flow 
pattern dominating circulation in the Chesapeake Bay (Goodrich and Blumberg, 1991).  
As a result of its shallow sill, high freshwater inflow, and relatively mild tidal mixing, the 
residence time of freshwater is long (90 to 180 d) in the estuary.  On short-term tidal time 
scales (2 to 4 hours), baroclinic (density-driven) pressure gradients are influenced by tidal 
asymmetry such that, at ebb tide, stratification and shear stress along-channel is enhanced 
while stratification is reduced during flood tides (Jay and Smith, 1990; Boicourt, 1992).  
A schematic of the general estuarine circulation pattern is presented on Figure 4.1.  As 
oxygen rich ocean water flows landward during flood tide, oxygen is consumed during 
processes oxidizing organic matter in the sediment such that inland bottom waters are 
depleted of oxygen that is not replenished by buoyant freshwater flowing seaward above 
the pycnocline (Figure 4.1a).  At ebb tide, this oxygen-depleted water flows seaward and 
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Figure 4.1- Schematic of the general estuarine circulation pattern during flood and 
ebb tides.  As oxygen rich oceanic water flows landward during flood tide, oxygen 
diffuses across the pycnocline or is consumed in the sediment such that inland bottom 
waters are depleted of oxygen.  Meanwhile, buoyant freshwater above the pycnocline 
continuously flows seaward.  At ebb tide, this oxygen-depleted water flows seaward and 
is partially mixed with oxygenated seawater during the next flood tide.  This estuarine 
circulation keeps the dense waters deaerated and promotes sulfate reduction in the 
sediments.  In addition, as tides flow, their force may cause shear stress along-channel 
sediments resulting in the advection of dissolved species from surficial sediments. 
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density gradient and circulation pattern promote oxygen depletion in bottom waters by 
restricting supply below the pycnocline.  Seasonal anoxia (from late spring to early fall) 
arises as oxygen demand increases in those same bottom waters as a response to 
enhanced primary production due to elevated nutrient (P and N) inputs from tributaries 
(Boicourt, 1992; Jonas, 1997; Kemp et al., 2005; Li et al., 2005).  Consequently, sulfate 
reduction dominates organic matter remineralization in Chesapeake Bay sediments, and 
high sulfide concentrations are found in porewaters and even in the water column  
(Burdige, 1991; Roden and Tuttle, 1992; Roden and Tuttle, 1993; MacCrehan and Shea, 
1995; Roden et al., 1995; Marvin-DiPasquale and Capone, 1998; Marvin-DiPasquale et 
al., 2003; Lewis et al., 2007).    
The mixing of freshwater and marine waters during tidal oscillations vertically 
transports dissolved oxygen into suboxic and anoxic bottom waters resulting in the 
oxidation of sulfide and other abundant reduced species such as Mn(II) and Fe(II) 
(Boicourt, 1992).  Manganese and iron cycles are directly affected by these tidal-related 
variations in oxygen and dissolved sulfide levels (Lewis et al., 2007).  In the presence of 
oxygen, Mn-and Fe-oxides settle to the anoxic water column and sediment where they are 
reduced microbially or chemically by sulfide.  Chemical reduction by sulfide may also 
occur in the water column if sulfide is transported across the sediment-water interface 
(SWI).  In turn, evidence for microbial reduction of Fe- and Mn-oxides in the water 
column is lacking.   These temporal variations in oxygen and sulfide concentrations have 
important consequences on the distribution of trace metals in the water column.   
In general, trace metals are introduced into estuaries by riverine (Matisoff et al., 
1975; DeGroot et al., 1976; Knight and Pasternack, 2000; Mason et al., 2004) and 
atmospheric inputs (Hussain et al., 1999; Kim et al., 2000; Scudlark et al., 2005).  The 
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transformation of trace metals in estuaries does not follow a universal pattern (Van den 
berg, 1993; Caccia and Millero, 2003) because their physico-chemical properties are 
different.  As particle-reactive metals enter estuarine waters, they are rapidly adsorbed on 
inorganic and organic suspended matter that sinks toward sediments (Burdige, 1991; 
Burdige and Homstead, 1994; Roden and Tuttle, 1996; Roden et al., 1995; Jonas, 1997; 
Fisher et al., 1998; Canuel, 2001; Zimmerman and Canuel, 2001).  In addition, 
flocculation of metal oxides as a consequence of increasing pH and salinity can remove 
trace metals from the water column and result in a decrease of trace metal fluxes to the 
oceans (DeGroot et al., 1976; Caccia et al., 2003).  Conversely, trace metals may be 
released from particles when they cross salinity gradients as a result of ion exchange 
processes (Millero and Hawke, 1992; Millero, 2000; Caccia and Millero, 2003).  In 
anoxic conditions, sulfide is available to precipitate or complex with dissolved metals 
released from the reduction and dissolution of iron and manganese oxides (Luther et al., 
1991; Luther et al., 1994; Luther et al., 1995; Luther et al., 1996; Morse and Luther, 
1999; Luther et al., 2001; Luther et al., 2002; Herszage and Afonso, 2003; Poulton, 2003; 
Poulton et al., 2004; Rickard and Luther, 2003; Luther and Rickard, 2005a; Luther and 
Rickard, 2005b; Rickard and Luther, 2006; Rickard and Luther, 2007).  Therefore, the 
vertical distribution of trace metals in estuaries may be a function of salinity and the 
chemical or microbially-mediated reductive dissolution of their geochemical hosts 
(Martino et al., 2002).   
Simultaneously, the processes regulating the sediment-water exchange of 
dissolved trace metals are also important in controlling their distribution in the water 
column. The enrichment of bottom water Mn and H2S by tidally-driven advection may be 
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accompanied by the release of trace metals stored in sediments.  The sediment of the 
Chesapeake Bay contributes Hg (Lawson et al., 2001),  Mo (Adelson et al., 2001), Mn 
(Holdren et al., 1975), As, Cu, Cd (Riedel et al., 1999), and U (Sarin and Church, 1994) 
to its overlying waters.  In other estuaries, sediment bound Co has also been found to 
enrich surrounding waters (Martino et al., 2002; Preda and Cox, 2002; Tovar-Sanchez et 
al., 2004).  Forebodingly, trace metal concentrations in sediments are typically orders of 
magnitude higher than interstitial and water column levels, such that the flux of potential 
pollutants into a more mobile phase is a concern in the Chesapeake Bay and to its 
inhabitants (Hartwell and Hameedi, 2007). 
The objective of this research was to determine the effect of estuarine circulation 
on redox processes and the transformation of trace metals in the Chesapeake Bay during 
peak anoxic conditions between the summers of 2002 and 2005.  For this study, a 
combination of CTD casts, discrete bottle sampling, and in situ voltammetric profiling 
was used to examine changing redox conditions and redox-sensitive chemical species in 
the water column.  These parameters were observed to vary in response to tidal 
fluctuations, episodic mixing events, and interannual changes.  The goals of this study 
were (1) to describe the biogeochemistry that is physically and chemically affected 
during tidal cycles across the oxic-anoxic transition in the water column, and (2) to 
investigate the effect of tidal forcing on the distribution of a suite of trace metals during 






4.2.1 Study Site 
The study site is in the Northern Chesapeake Bay (Figure 4.2) which undergoes 
seasonal stratification controlled by the rates of benthic organic carbon deposition (Kemp 
et al., 2005) and mixing of surface waters with saline bottom waters moving along-
channel during tidal cycles (Lewis et al., 2007).  Based on redox stratification, trace metal 
transformations were determined in the water column at a single sampling location.  
Station 858, is an ~25 m deep, 4 km long and 0.8 km wide hole located at 38˚58.8’N; 
76˚22’E.  This area is influenced by a moderate tidal range <1 m (Li et al., 2005) and is 
located just south of the Bay Bridge, west of Kent Island and east of the main shipping 
channel.  The study site is subject to advective-mixing processes which may include 
strong tidally-driven semi-diurnal oscillations, lateral standing waves motion, and/or 
episodic wind-forced pycnocline disruptions during storm events (Guo and Valle-
Levinson, 2007; Lewis et al., 2007).  Based on wind and tidal fluctuations, storm activity 
made a minor impact relative to the baseline 2004 and 2005 levels.  Sediment deposition 
is estimated based on sediment accumulation models in the Chesapeake Bay on the order 
of 1 cm/yr (Schubel, 1968) while the sediment density is around 1.35 g cm-3 (Hartwell 
and Hameedi, 2007).  The sediments in Northern Chesapeake Bay are typically fine 
grained organic-rich and sulfidic sediments with occasional interbedded sand layers 
(Sholkovitz et al., 1992; Shaw et al., 1994; Burdige, 2001).  The bottom topography of 
this location is representative of the upper and mid-bay, with an average depth ranging 































Figure 4.2- Study Site- Chesapeake Bay Monitoring Station 858-8 located at  
38˚58.8’N; 76˚22’E.  Inset of the Chesapeake Bay Watershed (Image from USGS) 
 

























Near surface mean flow was 5 cm s-1 seaward while bottom flow was landward at about 
15 cm s-1, with a maximum along-channel and across-channel velocity of 75 cm s-1 and 
15 cm s-1 (Lewis et al., 2007).  Redox potentials are very negative in the upper 10 cm of 
these sediments (Eh ~ -120 mV) (Burdige, 2001).   
 
4.3 Sampling and Analyses 
Cruises departed annually during peak anoxic/hypoxic summer season.  The most 
pronounced oxygen depletion is noted in late July and August (Kemp et al., 2005), 
therefore water column samples were collected for analysis in conjunction with in situ 
measurements on August 22 (Tidal Cycle 1) and 23 (Tidal Cycle 2), 2005.  Preliminary 
field investigations were conducted on July 24 to 29, 2002, August 2 to 8, 2003, and 
August 16 to 19, 2004, whose results are also discussed in this study and presented in 
Appendix D as Figures D.1 through D.11.  Ship-board and in situ measurements of 
chemical and physical parameters were collected from aboard the R/V Cape Henlopen 
maintained at the site using two-point anchorage.   
 
4.3.1 In Situ Measurements 
Salinity, temperature, density, and chlorophyll a were measured in situ using a 
rosette-mounted Seabird CTD and two fluorometers (Sea Tech Fluorometer and WetLabs 
ECO-AFL/FL).  In situ measurements of O2(aq), Fe(II), Mn(II), ΣH2S (= H2S + HS- + S2- 
+ S0 + Sx2-) were obtained using Hg/Au microelectrodes (Brendel and Luther, 1995) 
interfaced to an ISEA-ITM in situ electrochemical analyzer (Analytical Instrument 
Systems, Inc.) mounted on the CTD rosette.  Steep gradients and thin interfaces that are 
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difficult to detect by traditional methods are easily identified by in situ voltammetric 
techniques (Brendel and Luther, 1995; Glazer et al., 2006a; Glazer et al., 2006b).   
The in situ ISEA-ITM system was linked to a Seabird Microcat to provide 
temperature, salinity, density, and depth for each voltammetric scan.  The Microcat- 
ISEA-ITM package (Luther et al., 2007) allowed for continuous real-time detection of 
specific redox zones to guide water sampling.  The voltammetric system consisted of 
three electrodes including a working, reference, and counter electrode (Luther et al., 
2007).  The working electrodes were solid-state 100 µm diameter gold-amalgam (Au/Hg) 
fabricated in polyethyletherketone (PEEKTM) tubing (Luther et al., 2007).  The Ag/AgCl 
solid-state reference electrode was made of a 0.5 mm diameter Ag wire oxidized in 3 M 
KCl to produce the AgCl coating.  The counter electrode was made of a 0.5 mm platinum 
wire.   
For linear sweep voltammetric measurements (LSV), the voltage was scanned 
from -0.1 V to –1.9 V at a scan rate of 1000 mVs-1.  For cyclic voltammetry (CV), the 
same potential range was used, but anodic current was also obtained during the return to 
the initial potential.  Electrochemical conditioning was performed for five seconds at -0.9 
V, where none of the chemical species are electroactive, to restore the electrode surface 
between measurements (Brendel and Luther, 1995).  Prior to field trips and aboard ship, 
standard curves were produced for O2, Mn(II), and sulfur species (Brendel and Luther, 
1995).  The voltammetric operating conditions provided detection limits of ~3 µM for O2, 
~ 10 µM for Mn(II), ~ 30 µM for Fe(II), and ~30 nM for H2S with a high spatial 
resolution (mm).  Voltammetric scans were integrated using VOLTINT, a new Matlab ™ 
software developed for these applications (Bristow and Taillefert, 2007, in press).  
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Dissolved oxygen concentrations measured with the CTD agreed with in situ 
voltammetric measurements. 
 
4.3.2 Trace Metal Sampling 
In addition to dissolved nitrite, Mn(II), and Fe(II) analyses (Lewis et al., 2007), 
samples for trace metal analysis  (Cr, Mn, Co, Ni, Cu, As, Cd, Pb, Ba, and U) were 
collected using acid-cleaned 5-liter Go-Flo or 10-liter Niskin bottles (General Oceanics) 
on the R/V Cape Henlopen CTD-rosette system at intervals of 0.5 to 1 m.  Samples were 
collected based on O2 and H2S profiles determined by Au/Hg microelectrodes.  Normally 
a total of 8 to 10 depths were selected and collected per cast (i.e. ~40 samples per tidal 
cycle).  To avoid oxidation artifacts, the bottles were sub-sampled by drawing aliquots 
directly into acid-cleaned polyethylene syringes.  Processing of subsamples was carried 
out in a shipboard clean van using "trace-metal-clean" protocols.  Four types of 
subsamples were collected: (1) unfiltered unacidified, (2) unfiltered acidified, (3) filtered 
unacidified, and (4) filtered acidified.  Subsamples were immediately filtered through 
acid-cleaned 0.2 µm filters (Millipore) directly into trace-metal clean 15 and 50 mL 
Falcon tubes or 250 mL Nalgene bottles.  Particulate material was also collected from 0.2 
µm Millipore filters (pre-cleaned in 10% HNO3) for particulate trace metal analysis.  
Particulate material was recovered by soaking filters for 35 days in 2% HNO3 (Fisher TM 
Grade) and triplicate samples were diluted in 2% HNO3 (Fisher TM Grade) for analysis.  
Particulate concentrations were normalized to the initial volume filtered, as well as, the 
volume of leaching solution.  With 0.2 µm filters, 96% of colloidal and particulate 
fractions can be separated as permeate (Doucet et al., 2004). All subsamples were kept 
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frozen until prepared for laboratory analysis. Unacidified samples were analyzed for 
macronutrients (Lewis et al., 2007), while unfiltered acidified (total) samples were 
analyzed for comparison to particulate and filtered fractions.  One surface sample was 
compromised by damage to the filter, therefore making dissolved and particulate results 
unavailable.    
Trace metal concentrations were determined in triplicate with an Agilent 7500a 
Inductively Coupled Plasma-Mass Spectrometer (ICP-MS).  Experimental results 
obtained on triplicate samples presented standard deviations better than 5%.  Quality 
control blanks, standards, and certified reference material solutions NASS-5 and SLRS-4 
(National Research Council Canada) were used in conjunction with internal standards to 
verify accuracy and reproducibility.  The mean detection limit and standard deviations 
(3σ of the blanks) were calculated from the average of 12 quality control standards 
analyzed every 20 samples and at the start and completion of each sequence to account 
for instrument drift.   
Matlab™ scripts were written to determine the statistical significance of temporal 
and spatial correlations between salinity, dissolved oxygen, temperature, dissolved 
sulfide, and dissolved and particulate trace metal concentrations.  Finally, species 
abundance and solid phase saturation states were calculated with MINEQL+ version 4.5, 
across a range of redox conditions, with sulfate concentrations held constant in a range 
between 20 mM (calculated from salinity) down to the average water column 
concentrations of 4 mM for Upper Chesapeake Bay (Marvin-DiPasquale and Capone, 
1998), and at a constant pH of 7.45.  The model is set to anoxic conditions by entering 
concentrations of reduced trace metal species, rather than inputting fixed pE values.  
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Therefore, sulfate will not affect the solubility of trace metal species.  Representative 
concentrations for major constituents not directly measured in this study were obtained 
from average water quality data (waterdata.usgs.gov./nwis) in the Northern Chesapeake 
Bay near our study site.  These concentrations change as a function of salinity and 
therefore were multiplied by a dilution factor calculated as [Salinity Measured]/[Average 
Seawater Salinity].  The affect of K, Mg, and Ca concentrations are likely limited to the 
carbonate system and should not compete with trace metals during sulfide precipitation.  
The dissolved concentration for each dissolved metal including sulfide was provided to 
calculate the speciation.  The data input into the equilibrium model for each tidal stage 
separated by vertical depth in the suboxic zone was summarized and included in 
Appendix D (Table D.1 and D.2).   
 
4.4 Results  
Tidal stages (high, ebb, low, and flood) were assigned based on tidal charts available for 
NOAA Station 8572770 at Matapeake, MD Kent Island 38° 57.4' N; 76° 21.3' W.  
Vertical profiles of data obtained by CTD casts (e.g. temperature, salinity, dissolved 
oxygen, and chl a), and in situ voltammetric microelectrode profiling (O2(aq), Fe(II), 
Mn(II), ΣH2S, and FeS(aq)) are displayed for two consecutive tidal cycles in Figure 4.3 
(Tidal Cycle 1) and Figure 4.4 (Tidal Cycle 2).  Temperature decreased with depth from 
~27.5 to 26 ˚C with little variation between tides, except in the thermocline.  The average 
salinity was ~11 in the surface waters and increased with depth to ~ 20 in bottom waters 
during both tidal cycles.  The depth of the pycnocline varied slightly (~2-5 m) during 
tidal cycles causing changes in the position of the oxycline. At the surface, dissolved 
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oxygen ranged between 200 µM in the morning up to 300 µM in afternoon tides (low and 
flood) and coincided with high chl a maxima.  In general, dissolved oxygen decreased 
with depth in the thermocline.  Oxygen penetration depths ranged between 12 to 19 m 
depending on the state of the tide: oxygen was below detection limit at shallower depths 
as tides progressed from high to low (Figures 4.3 and 4.4); during flood tide, however, 
oxygen penetrated deeper into the water column and returned to shallower depths in the 
following high tide.  A larger variation in depth of the pycnocline during Tidal Cycle 1 
was accompanied by greater variations in oxygen concentrations and penetration depths 
than in Tidal Cycle 2.    
During low tide, dissolved oxygen occasionally overlapped with dissolved 
sulfide, therefore, minimizing the width of the suboxic zone, as already observed in 2002 
during ebb tide (Lewis et al., 2007).  In 2005, dissolved sulfide maxima measured in 
anoxic bottom waters ranged between 25 and 190 µM, with higher concentrations during 
Tidal Cycle 2 (Figures 4.3 and 4.4).  During Tidal Cycle 1, dissolved sulfide 
concentrations were generally low, reaching a maximum ~ 35 µM just above the SWI at 
ebb tide.  In general, ∑H2S decreased in the water column from high to ebb tide during 
Tidal Cycle 1.  Sulfide onset depths were deeper for Tidal Cycle 1 ranging between 17 to 
20 m (Figures 4.3).  Meanwhile, sulfide concentrations during Tidal Cycle 2 were much 
higher than Tidal Cycle 1 and the onset of sulfide was located at shallower depths 
ranging between 11.5 to 16 m (Figure 4.4).   In addition, a pronounced drop in sulfide 
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Figure 4.3- Vertical profiles of tidally separated redox sensitive parameters for Tidal 
Cycle 1: 1) voltammetric in situ Σ[H2S] in red triangles; 2) obtained with CTD: Dissolved 
oxygen in open blue circles, Temperature in open brown diamonds, salinity in open dark 
yellow squares, and chl a proxy in orange stars.  Σ[H2S] data during High (PM) was not 
available.  Times (EST) associated with tidal stage: High (7:07AM), Ebb (10:44AM), 
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Figure 4.4- Vertical profiles of tidally separated redox -sensitive parameters for Tidal 
Cycle 2: 1) voltammetric in situ Σ[H2S] in red triangles; 2) obtained with CTD: Dissolved 
oxygen in open blue circles, Temperature in open brown diamonds, salinity in open dark 
yellow squares, and chl a proxy in orange stars.  Times (EST) associated with tidal stage: 
High (7:38AM), Ebb (10:35AM), Low (2:01PM), and Flood (4:36PM).  
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low tide, such that at the next flood tide dissolved sulfide only rose to 30 µM and 
produced similar depth profiles as during Tidal Cycle 1.   
Figure 4.5 illustrates the distribution of BaD, MnD, UD, and AsD as a function of 
depth over two consecutive semi-diurnal tidal cycles.  Dissolved manganese was 
approximately 500 ± 100 nM in oxic waters, accompanied by large increases in and 
below the oxycline during both tidal cycles.  Once oxygen was depleted, dissolved Mn 
accumulated and formed a peak in the lower end of the oxycline with maximum 
concentrations around 9 µM during the Tidal Cycle 1 and 14 µM during Tidal Cycle 2 
(Figure 4.5).  The MnD gradients associated with Tidal Cycle 2 were much more uniform 
corresponding to greater concentrations than Tidal Cycle 1, similar to ΣH2S profiles.   
Conversely, MnD during Tidal Cycle 2 increased across the oxycline and 
remained elevated around the same concentration deeper, except during the 2nd flood 
stage which displayed a small decrease in concentration just above the SWI.  The 
concentrations of UD and AsD were low in oxic waters and increased with depth below 
the oxycline from ~4.5 to 10 nM and 4 to 16 nM, respectively (Figures 4.5).  In contrast, 
the distribution of BaD (Figure 4.5) gradually decreased in concentration from 450 nM 
just below the surface to 200 nM near the bottom, respectively.  On the other hand, CrD 
and PbD (Figure 4.6) increased slightly with depth from an average of 35 to 60 nM and 20 
to 40 nM, respectively.  Although depth profiles do not vary greatly with depth, Cr and 
Cu showed less sensitivity to tidal fluxes and more variation with depth across the 
pycnocline.  In 2004 (Appendix Figure D.1), Cr concentrations increased from ~10 to 25 
nM with occasional concentration spikes in samples collected from depths between 5 to  
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Figure 4.5- Vertical profile of dissolved Ba, Mn, U, and As over two solar tidal 
cycles. Dissolved concentrations for a) Tidal 1 and b) Tidal 2 are depicted as BaD [nM] in 
open orange triangles, MnD [µM] in open black circles with area under the curve 
highlighted with yellow, UD [nM] in open brown diamonds, and AsD [nM] in open green 
squares.  Oxygen penetration depth was determined from CTD data and is marked with a 
blue dashed line.  ΣH2S–onset depth was determined voltammetrically and is marked 
with a solid red line.  Σ[H2S] data was not available for High (PM1) cast of Tidal Cycle 
1. Scales changed in Tidal Cycle 2 to fit increase in Ba. 
a) 
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Figure 4.6- Vertical profile of dissolved Pb, Cr, Cu and U over two solar tidal cycles. 
Dissolved concentrations for a) Tidal 1 and b) Tidal 2 are depicted as PbD [nM] in gray 
Xs, CrD [µM] in open blue hexagon, CuD [nM] in open light green triangles, and UD [nM] 
in open magenta stars.   Oxygen penetration depth was determined from CTD data and is 
marked with a blue dashed line.  ΣH2S–onset depth was determined voltammetrically and 




15 m.  Following a similar trend CuD, concentrations slightly increased with depth 
averaging between 4 to 6 nM in 2004 and 10 to 20 nM in 2005.  Interestingly, 
concentrations of CrD, MnD, UD, BaD, CuD, as well as PbD change with depth and are 
generally higher during Tidal Cycle 2 concurrent with sulfide enrichment in anoxic 
bottom waters (Figures 4.3 to 4.6).  Meanwhile, NiD varied consistently between 15 to 30  
nM in both 2004 and 2005 with little fluctuation with depth (data not shown).  Similarly, 
concentrations of CdD were consistently below the detection limit of 0.02 nM over tidal 
cycles and interannually (Figure D.11).  Trace metal concentrations were generally 
reproducible interannually (Appendix Figure D.1 through D.11).   
MnD and MnP profiles from 2004 illustrate that particulate concentrations are 
lower and corresponding dissolved levels are elevated in bottom waters.  Conversely, 
dissolved and particulate profiles for Co, As, and Ba are similar in both oxic and suboxic 
zones, except at flood tide when particles disappeared in the anoxic layer as dissolved 
levels increased.  Particulate trace metal profiles for Tidal Cycle 1 and Tidal Cycle 2 in 
2005 were uniform with depth, except during Flood 1 (Figure 4.7 and 4.8).  Although 
profiles were mainly straight at low concentrations (< 2 nM), particulate Mn, Co, As and 
Ba concentrations were highest at low tides, and during the 1st of the semidiurnal cycles.  
During Tidal Cycle 1 MnP average levels were 10 ± 3 µM, and levels increased to 14 ± 2 
µM throughout the water column during Low 1 and below 13 m at Flood 1.  Meanwhile, 
during Tidal Cycle 2 average MnP levels dropped to 6 ± 1.5 µM, and maximum 
concentrations reached only up to 9 µM during low tide.  Small increases in AsP , BaP, 
PbP, and UP  near the SWI coincided with a rise in MnP, most notably during flood and  
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Figure 4.7- Vertical profile of particulate Ba, Mn, Co, and As over two solar tidal 
cycles. Dissolved concentrations for a) Tidal 1 and b) Tidal 2 are depicted as BaP [nM] in 
solid orange triangles, MnP [µM] in solid black circles, CoP [nM] in solid brown 
diamonds, and AsP [nM] in solid green squares.  Oxygen penetration depth was 
determined from CTD data and is marked with a blue dashed line.  ΣH2S–onset depth 
was determined voltammetrically and is marked with a solid red line.  Scales changed in 
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Figure 4.8- Vertical profile of particulate Pb, Cr, Cu and U over two solar tidal 
cycles. Dissolved concentrations for a) Tidal 1 and b) Tidal 2 are depicted as PbP [nM] in 
gray Xs, CrP [µM] in solid blue hexagon, CuP [nM] in solid light green triangles, and UP 
[nM] in solid magenta stars.   Oxygen penetration depth was determined from CTD data 
and is marked with a blue dashed line.  ΣH2S–onset depth was determined 
voltammetrically and is marked with a solid red line. Scales changed in Tidal Cycle 2 to 




ebb tides (Figure 4.7 and 4.8).  On average, CoP concentrations ranged between 4 ± 1.4 
nM during Tidal 1 and dropped to 2 ± 0.4 nM for Tidal 2.  Whereas, CrP concentrations 
were the highest of the suite of trace metals analyzed, with an average of 20 ± 8 µM 
during Tidal 1 and 12.5 ± 3 µM during Tidal 2 (Figure 4.8).  Concentrations of NiP, CuP, 
and AsP were similar for the two tidal cycles analyzed.  NiP profiles (data not shown) 
matched closest to CuP trends with spatial and temporal concentration averages of 300 ± 
173 nM and 83 ± 78 nM, respectively.  During the two tidal cycles, AsP concentrations 
averaged 0.7 nM with a maximum of 5.5 nM reached during Flood 1 in the 20 m depth 
sample.  Incidentally, this discrete sample depth also registered maximum concentrations 
of CdP (1.1 nM), BaP (24 nM), as well as PbP (380 nM).  Maximum particulate 
concentrations are associated with 15 and 22 m depths during the 1st flood tide, with 24 
µM of MnP and 5nM of AsP.   
Although informative, it was very difficult to decipher concurrent trends on the 
depth profiles even when relationships are known (e.g. Mn and Co).  Therefore, MnD, 
MnP, DO, ΣH2S, and salinity gradients were compared to dissolved and particulate trace 
metal profiles to investigate the significance of co-variances and assess salinity and redox 
dependence on sorption and precipitation mechanisms (Morris et al., 1982).  Respecting 
their spatial and temporal distributions, statistical analyses of covariances were calculated 
using a two-tailed T-test and are presented in Table 4.1 and 4.2.  Particulate material 
would be expected in oxygenated waters, yet correlations between particulate trace 
metals and dissolved oxygen did not exhibit statistical significance.   In contrast, there is 
a strong positive correlation between DO and BaD, while DO, not surprisingly, is 
negatively correlated with MnD, CoD, AsD, and UD over all tides.  Salinity had a 
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significant positive relationship with most dissolved trace metals, except BaD with an 
inverse covariance.  Moreover, significantly larger correlation coefficients were 
calculated for Tidal Cycle 2.  Similar to covariance with salinity, correlations were 
stronger between MnD, AsD, CoD, and UD, and Σ[H2S] during Tidal Cycle 2 when there 
was a much higher Σ[H2S] concentration detected in bottom waters most likely from 
sulfate reduction occurring in underlying sediments.  Similarly to dissolved phase 
relationships, CrP and CoP correlated strongly with MnP over several tides, while UP 
covariances were limited to ebb and flood tides, and AsP and BaP displayed poor 
correlations with MnP. 
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Table 4.1- Correlation coefficients (R2) from a statistical between dissolved trace metal 
concentrations and: dissolved manganese; salinity; dissolved oxygen; and dissolved 
sulfide at different tidal stages. (-) depicts negative correlations. 
   CrD  MnD CoD  AsD BaD  UD 
vs MnD           
High 1   0.26  1.000  0.007  0.140 - 0.018   0.232 
Ebb 1   0.13  1.000  0.070  0.493 - 0.546   0.777 
Low 1   0.03  1.000 - 0.006  0.782  0.016   0.811 
Flood 1   0.15  1.000  0.056  0.183 - 0.331   0.279 
High PM   0.40  1.000  0.323  0.757 - 0.666   0.714 
High 2   0.60  1.000  0.660  0.341 - 0.527   0.702 
Ebb 2   0.84  1.000  0.884  0.525 - 0.329   0.735 
Low 2   0.72  1.000  0.716  0.594 - 0.569   0.844 
Flood 2   0.12  1.000  0.685  0.795 - 0.672   0.671 
vs Salinity          
High 1 - 0.02  0.256 - 0.303 - 0.049 - 0.721 - 0.004 
Ebb 1   0.24  0.827  0.204  0.541 - 0.456   0.826 
Low 1   0.01  0.469 - 0.031  0.414 - 0.259   0.381 
Flood 1   0.75  0.389  0.291  0.880 - 0.959   0.970 
High PM   0.45  0.708  0.264  0.886 - 0.844   0.957 
High 2   0.55  0.844  0.423  0.506 - 0.818   0.711 
Ebb 2   0.81  0.895  0.905  0.684 - 0.291   0.823 
Low 2   0.68  0.817  0.592  0.589 - 0.814   0.906 
Flood 2   0.48  0.739  0.832  0.871 - 0.936   0.967 
vs DO           
High 1   0.00 - 0.154  0.275  0.011  0.546 - 0.005 
Ebb 1 - 0.32 - 0.500 - 0.145 - 0.625  0.143 - 0.737 
Low 1 - 0.06 - 0.228  0.002 - 0.295  0.271 - 0.257 
Flood 1 - 0.72 - 0.164 - 0.249 - 0.911  0.935 - 0.919 
High PM - 0.42 - 0.273 - 0.147 - 0.664  0.501 - 0.626 
High 2 - 0.35 - 0.300 - 0.073 - 0.471  0.734 - 0.334 
Ebb 2 - 0.60 - 0.662 - 0.717 - 0.624  0.196 - 0.758 
Low 2 - 0.44 - 0.503 - 0.313 - 0.606  0.837 - 0.650 
Flood 2 - 0.53 - 0.491 - 0.705 - 0.668  0.871 - 0.794 
vs ∑H2S        
High 1 - 0.08  0.220  0.449 - 0.192 - 0.824 - 0.078 
Ebb 1   0.12  0.255  0.254  0.004 - 0.410   0.238 
Low 1   0.04  0.298  0.007  0.204 - 0.205   0.215 
Flood 1   0.51  0.607  0.261  0.674 - 0.750   0.745 
High PM  Sulfide Not Available 
High 2   0.26  0.613  0.330  0.313 - 0.442   0.614 
Ebb 2   0.74  0.657  0.753  0.654 - 0.083   0.647 
Low 2   0.53  0.842  0.484  0.593 - 0.549   0.686 
Flood 2   0.35  0.346  0.313  0.539 - 0.418   0.528 
 
Statistical Significance: p values >95% and <95% 
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Table 4.2- Correlation coefficients (R2) from a statistical between particulate trace metal 
concentrations and: particulate manganese and dissolved sulfide at different tidal stages. 
(-) depicts negative correlations. 
   CrP  MnP  CoP  AsP BaP  UP 
vs MnP           
High 1   0.99  1.000  0.651 - 0.063 - 0.023   0.327 
Ebb 1   0.97  1.000  0.001  0.311  0.249   0.619 
Low 1 - 0.07  1.000 - 0.473 - 0.002 - 0.137 - 0.045 
Flood 1   0.87  1.000  0.882  0.031  0.182   0.416 
High PM   0.65  1.000  0.871  0.042  0.050   0.069 
High 2   0.98  1.000  0.350  0.613 - 0.026   0.039 
Ebb 2   0.98  1.000  0.697  0.235  0.071   0.560 
Low 2   0.06  1.000  0.154  0.174  0.002   0.085 
Flood 2   0.90  1.000  0.740  0.108 - 0.006   0.442 
vs ∑H2S           
High 1   0.48  0.435  0.699 - 0.469  0.010 - 0.009 
Ebb 1   0.04  0.031 - 0.207  0.000  0.016 - 0.002 
Low 1 - 0.15  0.010 - 0.023 - 0.000  0.005   0.067 
Flood 1   0.15  0.316  0.309  0.114  0.125   0.241 
High PM  Sulfide Not Available 
High 2   0.28  0.348  0.069  0.297 - 0.211   0.036 
Ebb 2 - 0.47 - 0.452 - 0.111 - 0.085 - 0.188 - 0.244 
Low 2 - 0.46 - 0.196 - 0.276 - 0.710 - 0.194 - 0.168 
Flood 2   0.00 - 0.006 - 0.049  0.000  0.217   0.242 
 




In this study in situ measurements were combined with discrete water sampling to 
determine the effects of tidal cycling on the distribution of trace metals during two 
consecutive tidal cycles at Station 858 in the Chesapeake Bay.  In situ profiles show that 
the physico-chemical conditions of the water column are affected over tidal cycles.  For 
example, it is interesting to observe that a <1m tidal range (Shaw et al., 1994) results in  a 
~ 5 m shift in O2-penetration depth (Figures 4.3 and 4.4), as was already observed in 
2002-2003 (Lewis et al., 2007).  It has been shown that a combination of physical events 
(e.g. river flow, tidal fluxes, and rain storms) and biogeochemical processes cause 
dissolved oxygen to fluctuate in partially-mixed estuaries (Boicourt, 1992; Lin et al., 
2006).  Based on concurrent increases in dissolved oxygen and chlorophyll a, additional 
oxygen is produced in surface waters during afternoon tides (low and flood).  However, 
as the tides progress from high to low, both buoyant oxic freshwater and saline suboxic 
waters flowing seaward result in the vertical mixing of oxic and anoxic waters that shifts 
the oxycline up in the water column.  At the next flood tide, the oxycline is lowered in the 
water column when oxygenated dense seawater flowing landward sinks in the water 
column.  Thus, tidal variations affect the stratification of dissolved oxygen, but cannot 
explain the episodic occurrence of dissolved sulfide.  The landward flow of seawater 
above the sediment may cause shear stress forces that advect dissolved species upward 
into the bottom waters (Huettel et al., 1998; Huettel et al., 2003; Precht and Huettel, 
2003).  Therefore, dissolved sulfide found in the water column is likely from microbial 
sulfate reduction in the sediment (Boicourt, 1992; Roden and Tuttle, 1992; Roden and 
Tuttle, 1993; MacCrehan and Shea, 1995; Roden et al., 1995; Marvin-DiPasquale and 
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Capone, 1998; Marvin-DiPasquale et al., 2003) that has been entrained in the water 
column by shear interaction of bottom waters with the upper sediment and is transported 
by horizontal advection in the along-channel direction (Luther et al., 1988; Lewis et al., 
2007).  Tidal flushing of sediments during flood tide is evidenced by the order of 
magnitude changes in sulfide concentrations within a time-span as short as 3 hours 
(Figure 4.4). 
The vertical movement of the oxycline and the tidal-related fluctuations in 
dissolved sulfide must also affect the cycling of Mn- and Fe-oxides.  In anoxic 
conditions, Fe is usually removed rapidly by precipitation as FeS (Luther and Ferdelman, 
1993; Kostka and Luther, 1994; MacCrehan and Shea, 1995; Luther et al., 2002; Luther 
and Rickard, 2005; Ma et al., 2006; Rickard and Luther, 2007), which could explain its 
low concentrations across the water column.  In contrast, MnS is highly soluble (Holdren 
et al., 1975; Morris et al., 1982; Burdige et al., 1992; Luther et al., 1994; Lienemann et 
al., 1997; Ouvrard et al., 2005), and MnD should be maintained in solution.  During Flood 
1, dissolved oxygen penetrated deeper into the water column and may have favored 
precipitation of manganese oxides that generated spikes in particulate manganese 
concentrations just above the sediment (Figure 4.7).  In situ measurements (Figures 4.3 
and 4.4) indicate that oxygen sometimes overlaps and possibly oxidizes Mn (II), while 
dissolved sulfide diffuses to the oxycline at flooding tide to reduce Mn-oxides.  The 
vertical distribution of trace metals in estuaries may be a function of salinity and 
microbially mediated reductive dissolution of their geochemical hosts (Martino et al., 
2002).  The consistency of MnD enrichment in suboxic waters (Figure 4.5 and 4.9), 
regardless of sulfide and the tidal stage, in concert with minimal Fe(II) concentrations (<4 
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µM) (Lewis et al., 2007) suggest that Mn-oxides, and not Fe-oxides, are the major 
geochemical hosts of trace metals.   
The simplest distribution pattern that might be expected in an estuary would be 
one established by conservative mixing or simple dilution.  A conservative component 
varies linearly with salinity in both the horizontal and the vertical directions. The 
reactivity of an element in the estuarine mixing zone (i.e. conservative or non-
conservative behavior) is typically illustrated by comparing the dissolved constituent 
versus salinity (Boyle et al, 1974).  Characteristically more conservative with respect to 
salinity, uranium and its decay series daughters are used as tracers of oceanic processes 
(Borole et al., 1982).  Therefore it is useful to depict the fluvial –ocean water mixing line 
(Figure 4.10a) based on UD ranges between 0.42 ± 0.02 nM/kg for freshwater up to 13.6 
to 14.5 nM/kg in average ocean water (Sarin and Church, 1994; Shaw et al., 1994).   
Uranium is soluble under the form of uranyl-carbonate complexes in oxic conditions in 
oceans and estuaries (Borole et al., 1977; Borole et al., 1982; Shaw et al., 1994).  
Scavenging of uranium in surface waters produces particle bound uranium, which is 
delivered to the sediment by deposition of metal oxides and biodetritus (Anderson et al., 
1989; Shaw et al., 1994).  However, in hydrogen sulfide-rich waters, dissolved U(VI) is 
neither reduced to the thermodynamically favored U(IV) nor scavenged by particles 
(Anderson et al., 1989).  The UD enrichment of bottom waters during Tidal Cycle 2 
should therefore be a result of the release of bioassociated uranium during decomposition 
of uranium enriched detritus in surface sediments, as previously found in the Northern  
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Figure 4.9- Dissolved manganese (µM) and salinity during both tidal cycles.  
Salinities of 17-20 correspond to the anoxic layers.  
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Figure 4.10- Seawater-fluvial mixing line determined by comparison of salinity with 
a) dissolved uranium (nM) and b) dissolved barium (nM).  Conservative mixing lines 
respects UD ranges between 0.42± 0.02 nM/kg for freshwater up to 13.6 to 14.5 nM/kg in 
ocean water, and BaD ranges between 240 ± 15 nM for freshwater and 40 nM on average 
in ocean water. 
a) 
b) 
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Chesapeake Bay (Shaw et al., 1994).  From Figure 4.10a, it is clear that UD behaves 
conservatively during Tidal Cycle 1, while additional uranium, evident in Tidal Cycle 2, 
coincides with the enhanced maximum sulfide concentrations.  These results confirm that 
sediment-water exchanges of dissolved constituents exist during Tidal Cycle 2, but not 
during Tidal Cycle 1. 
BaD enrichment in coastal groundwater has been attributed to desorption from 
barium rich freshwater solids as they encounter saline tidal waters, and via diagenetic 
release from barium-bearing metal oxide phases, the dissolution of authigenic barite, 
and/or the decomposition of barium-rich organic particles (Coffey et al., 1997; Shaw et 
al., 1998).  In a similar fashion, Ba can be used as a tracer of freshwater inputs, since 
freshwater levels far exceed average ocean concentrations (Coffey et al., 1997; Shaw et 
al., 1998).  Figure 4.10b shows the relationship between BaD and salinity during both 
tidal cycles.  To determine conservative mixing of dissolved barium, endmembers were 
set to 240 ± 15 nM for freshwater and 40 nM in average ocean water (Coffey et al., 1997; 
Shaw et al., 1998).  In general, under low salinity (< 0.5) uranium and barium are 
scavenged by particles, but are gradually released if salinity increases above the 1-10 
range, consistent with their sorption/desorption from suspended particulate matter 
(Coffey et al., 1997; Shaw et al., 1998).  Our salinity range (10 to 22) is at the cusp of the 
ideal conditions for the dissolution of particulate barium.  Dissolved barium behaves 
conservatively: it decreases when salinity increases but falls above the mixing line during 
both tidal cycles, which can be interpreted as a large addition of barium relative to 
conservative mixing of freshwater and seawater (Figure 4.10b).  Previous Ba enrichments 
found in the Chesapeake Bay have been attributed to particulate material deposited in salt 
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marshes during high flow (i.e. winter season or storm events) that subsequently release 
barium as salinities rise under low flow conditions (Coffey et al., 1997; Shaw et al., 
1998).  Similar to uranium, dissolved Ba concentrations from Tidal Cycle 2 (Figures 4.5 
and 4.10) exhibit a steeper slope along the conservative mixing line.  Incidentally, Ba 
concentrations as a function of salinity during Tidal Cycle 2 match data obtained from  a 
nearby site, whose source was suggested to be freshwater solids (Coffey et al., 1997).   
Overall, the distribution of dissolved uranium and barium during both tidal cycles 
indicates that freshwater and oceanic water masses are mixing in the Chesapeake Bay, 
and sediment-water interactions result in an input of dissolved constituents to the 
overlying waters during the 2nd tidal cycle.  The increase of MnD and ∑H2S below the 
oxycline seems to be accompanied by the enrichment of dissolved trace metals, 
especially during Tidal Cycle 2.  The tidally induced increase in dissolved trace metals 
may be due to 1) an accumulation of particles from freshwater inputs at the surface 
resulting in redissolution in the anoxic zone, 2) the resuspension of sediment with fast 
dissolution of particulate species, or 3) bottom diffusion/advection during tidal flushing.   
Particulate concentrations are much higher during Tidal Cycle 1 across the water 
column, suggesting that particles settled to sediments by Tidal Cycle 2 (Figure 4.7 and 
4.8).  Initially, this high particulate metals load might have been attributed to 
precipitation with organic matter and metal oxides, however, there is no clear depletion 
of dissolved trace metals in the water column during Tidal Cycle 1 compared to Tidal 
Cycle 2 (Figures 4.5 and 4.6).  In fact, particulate trace metals form surprisingly uniform 
profiles, except at Flood 1 when they are enriched in anoxic waters.  To determine 
whether trace metals were remobilized in the anoxic zone and to help identify a 
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mechanism responsible for this remobilization, trace metal concentrations were 
represented versus salinity during both tidal cycles (Figures 4.10, 4.11, and 4.12).  All 
trace metals investigated display an increase in concentration in the anoxic waters, during 
both tidal cycles.  More specifically, this increase is much higher for PbD, CrD, and 
maybe CuD during Tidal Cycle 2, while no perceptible change is observed for CoD and 
NiD, and a decrease in AsD is evident during Tidal Cycle 2.  The release of PbD and CrD, 
and possibly CuD during Tidal Cycle 2 could be a result of the reduction of excess Mn- 
and Fe-oxides in the water column by hydrogen sulfide introduced in bottom waters 
during ebb tide.  However, the entire water column is enriched with dissolved phase 
metals (e.g. Cu, Cr, Ba, and Pb) and not only restricted to sulfidic depths.  Therefore, the 
observed increase is not solely from the reduction of hosts by hydrogen sulfide.   
The elevated dissolved trace metals throughout Tidal Cycle 2 might be a result of 
the pulse of resuspended solids from Flood 1.  Resuspension of particles (e.g. organic and 
Mn-oxides) in conjunction with dissolved sulfide could reductively dissolve scavenged 
species.  However, our data suggests that increases in dissolved concentrations in bottom 
waters during flood tides are not entirely due to the dissolution of resuspended solids.  
Although an increase in particulate concentrations at depth associated with Flood 1 
provides evidence of resuspension, the particulate profiles of Tidal Cycle 2 were almost 
linear with depth, demonstrating that resuspension is not essential for bottom water 
enrichment.  Therefore, another process must be intensifying trace metal inputs between 
Tidal Cycle 1 and 2.  It has been shown that when overlying waters flow above 
sediments, topographic features (e.g. mounds and ripples) increase hydrostatic pressure  
104 





















































    



























Figure 4.11- Mixing line determined by comparison of salinity with a) dissolved 
























































































Figure 4.12- Mixing line for redox- sensitive metals determined by comparison of 






causing an unidirectional boundary flow of porewaters to the overlying waters (Huettel et 
al., 1998; Precht et al., 2004; Precht et al., 2006).  In parallel, similar transport may 
beoccurring in the Chesapeake Bay causing the enhancement of trace metal exchanges at 
the SWI, resulting in the distribution observed during Tidal Cycle 2.   
The mean bottom flow landward during flood tide is about 15 cm s-1, with 
maximum along-channel flow up to 75 cm s-1 (Lewis et al., 2007).  The vertical 
distribution of the mean current is controlled by the ebb-flood asymmetry in the time-
dependent flow, vertical mixing processes, baroclinic pressure gradients, and interaction 
of the flow with topography (Jay and Smith, 1990).  Gravitational forces such as spring-
neap tidal cycles affect ebb-flood tidal velocity and magnitude.  The spring/neap 
transition in the subtidal flow accompanies changing stratification throughout the water 
column (Chant, 2002).  Spring tides result in water levels that are higher than average, 
low waters that are lower than average, slack water (apex of High and Low) time that is 
shorter than average, and stronger tidal currents than average.  Conversely, neap tides 
result in less extreme tidal conditions resulting in less separation between the two-layer 
circulation pattern (Chant, 2002).  Water column sampling in 2004 started on August 16th 
with the new moon accompanying peak spring tidal effects to churn up sediments and 
destratifying redox zones.  In 2005, with the full moon on August 19th, the strength of the 
spring tide should have dissipated gradually and transitioned to neap tide during Tidal 
Cycle 2 collected on August 23rd.  The absence of excess particulate matter in the deep 
waters during Tidal Cycle 2 may be attributed to the weakening of gravitational forces 
approaching neap tide (Precht et al., 2004; Janssen et al., 2005), when resuspension is not 
produced and advective fluxes are sole source of deep water species.  The increased 
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resuspension of SPM and chlorophyll α in the Ariake Sea during flood-ebb current was 
attributed to the strengthened energy of spring tide (Koh et al., 2006).  Although 
theoretically plausible, this is the first time spring-neap tides have been associated with 
anoxic overlying waters enriched in dissolved sulfide and trace metal from estuarine 
sediments. 
Alternatively, the enrichment of dissolved trace metals observed during Tidal 
Cycle 2 may be related to their physico-chemical characteristics.  Elevated CoD is usually 
attributed to inputs from low-salinity regimes (Martino et al., 2002); however, results 
show increased levels in more saline bottom water (Figure 4.11).  In freshwater systems, 
the geochemical cycling of Co typically involves sorption to Mn particles (Balistrieri et 
al., 1992; Lee and Fisher, 1993) and the microbially mediated redox-driven partitioning 
between dissolved Mn and particulate Mn-oxides species (Lienemann et al., 1997).  The 
release of CoD coinciding with the reductive dissolution of its host carrier, Mn oxide, in 
the oxic-anoxic transition zone is not novel and has been observed in a well stratified lake 
(Lienemann et al., 1997; Taillefert et al., 2002b).  Despite the fact that Co is an essential 
micronutrient for the growth of marine phytoplankton, there is limited information on the 
cycling of this trace metal in the marine environment (Lee and Fisher, 1993), and even 
less in estuaries  (Martino et al., 2002; Tovar-Sanchez et al., 2004).  NiD is particle 
reactive and has a strong affinity for dissolved organic matter in oceanic and estuarine 
systems (Bruland, 1980; Price and Morel, 1991; Turner et al., 1998), which may explain 
its presence in anoxic waters (Figure 4.11).  
Dissolved copper is typically scavenged from surface waters either by particulate 
organic matter or Mn- and Fe- oxides and released during organic matter remineralization 
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(Bruland, 1980; Skrabal et al., 2000).  For instance, uppermost porewater concentrations 
and bottom waters just above the sediment may supply 10-50% of Cu-complexing 
ligands in the Chesapeake Bay water column (Skrabal et al., 2000).  In addition, 
microbial reductive dissolution of Mn- and Fe- oxides has been linked to the release of 
Cu (Skrabal et al., 2000).  On the contrary, correlations between Σ[H2S] with particulate 
trace metals were mainly insignificant and not reciprocal (Table 4.2) as would be 
expected if reductive dissolution were evident.  Therefore, during flood and high tides 
CuD in the bottom waters is most likely from sediments and predominantly complexed 
with large organic ligands (Skrabal et al., 2000) or H2S in porewaters.  
Pb distribution has shown strong correlations with Cr and Cu in Chesapeake Bay 
sediments (Owens and Cornwell, 1995; Mason et al., 2004).  The source of Pb is mainly 
industrial (Long et al., 1995) and should mimic BaD, if levels in low salinity surface 
samples were higher due to riverine inputs.  However, the inverse correlation between 
BaD (Figure 4.10b) and PbD (Figure 4.11c) makes it apparent that PbD is most likely from 
sediments, especially during Tidal Cycle 2.  Anoxic sediments may act as a sink for Cr, 
whereby chromate is reduced to particle–reactive Cr(III), which can then be scavenged 
by metal oxides and organic particles and removed to the sediments (Rue et al., 1997).  
Similarly, arsenic mobility is strongly influenced by redox conditions and metal oxide 
partitioning.  Release of AsD mainly as As(V) into overlying waters has been attributed to 
the reductive dissolution of Fe-oxides (Moore et al., 1988; Smedley and Kinniburgh, 
2002; Chow and Taillefert, 2005).  Both the adsorption of Cr and As are strongly 
influenced by the pH and the complex redox reactions pathways involving these metals.  
In particular, the pHpzc of MnO2 is low (~2 for birnessite and 4 for α–MnO2) (Stumm, 
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1992) and, therefore, manganese oxides should be negatively charged in the Chesapeake 
Bay such that adsorption of negatively charged oxyanions (e.g. H2AsO4-1, HAsO42-, 
CrO42-, etc.) is not favorable at  pH of 7.45.  Both must be reduced to As(III) and Cr(III) 
prior to incorporation into sulfide minerals to form arseno-pyrite and Cr3FeS4, 
respectively.  However, due to its high ligand field stabilization energy caused by its 
electron configuration, Cr(III) has a slow rate of water exchange (~10-6 s-1) and does not 
undergo substitution reactions to form solids (Morse and Luther, 1999).  Therefore, 
chromium flushed from the sediments in bottom waters is likely enriched in Cr(III).   
Here, CoD and NiD do not appear to change much between tidal cycles compared 
to other metals, even though they are under the same physical conditions.  The absence of 
bottom water enrichment may be due to the fact that the sediment is not elevated in CoD 
(Hartwell and Hameedi, 2007) as observed in other estuaries (Tovar-Sanchez et al., 
2004).  However, the sediment is heavily contaminated with Ni (Hartwell and Hameedi, 
2007), suggesting that another process is regulating the release of Ni and Co across the 
SWI.  The lower enrichment of Co and Ni during Tidal Cycle 2 may be due to their 
reactivity with sulfide.  Measured using radiolabelled water, the rate of water exchange 
for metals (Table 4.3) can be used to demonstrate the relative reactivity of a metal 
compared to Fe(II) (Morse and Luther, 1999).  Prior to forming sulfide minerals (MeS), 
water or hydroxide is displaced by sulfide to form Me(H2O)5(HS)+.  Strong sulfide 
constants suggest that sulfide should out compete hydroxide for the metal ions (Morse 
and Luther, 1999).  Pb, Cu, Zn, and Mn have faster rates of water exchange than Fe, and 
should form their own sulfide mineral faster than FeS and FeS2 can form.  On the other 




Table 4.3 Tabulation of the rate of water exchange of divalent trace metals (Burgess, 
1988)  
  
Metal Ion Z (atomic number) Rate of H2O exchange (s –1)
Pb2+ 82 ~2 E+9 
Cu2+ 29   8 E+8 
Zn2+ 30   3 E+7 
Mn2+ 25   3 E+7 
Fe2+ 26   3 E+6 
Co2+ 27   1 E+6 
Ni2+ 28   3 E+4 




1999) and would be expected to co-precipitate by adsorption onto FeS and FeS2 rather 
than forming discrete metal sulfide phases.   
More than 50% of annual benthic reduced sulfur in the upper Chesapeake Bay is 
buried as FeS  (3.5 – 5.5 mmol cm2-) or pyrite-S (7.5 -10 mmol cm2-) during the 
anoxic/hypoxic season (Cooper and Morse, 1998).  Thus, the sediment may represent a 
significant sink for Co and Ni even during tidal flushing of the porewaters.  
Thermodynamic calculations (MINEQL+) indeed predict supersaturation of several solid 
phases including metal sulfide phases, such as NiS, CoS, and pyrite, over both tidal 
cycles (Table 4.4 and 4.5).  The saturation indices calculated for orpiment were three 
times greater at slightly shallower depths near the oxycline compared to indices 
calculated for anoxic waters closer to the sediment.  These calculations also indicate that 
the water column becomes undersaturated with respect to Fe mineral phases at these 
shallower depths during each of the tidal stages.  The dominant species do not change 
much over the tidal cycles (Table 4.6 and 4.7), except for Pb that shifts from 99.9% 
Pb(HS)2(aq) in most anoxic samples to 95.2%  Pb(HS)3-1 and 4.8% Pb(HS)2(aq) near the 
oxycline (Table 4.6).  In general, samples with low sulfide concentrations resulted in 
higher Fe(II) (above 70%), while samples with higher sulfide concentrations 
distinguished 50% of iron in the form of Fe(HS)2(aq) as the percent abundance of H2S(aq)  



































































































Table 4.6 - Average component abundance (%) of trace metals in the anoxic zone of 
water column calculated with MINEQL+.  Average abundances over tidal cycles were 
first calculated at each depth of each tidal stage resulting in a tidal average, and then 
averaged over the two tidal cycles.  Standard deviations (SD) were calculated using 
output results from both tidal cycles.  
 
 
Ion Species % abundance Log K SD
Ba(2+) Ba(2+) 99.6 0.00
Cu(2+) Cu(HS)3(-) 100 25.1 0.00
U U(OH)5(-) 99.9 -14.4 0.00
AsO3(3-) H3AsO3 98.025 33 0.05
H2AsO3(-) 2.05 24 0.10
Co(2+) Co(2+) 68.863 1.14
CoHCO3(-) 1.338 11.1 0.07
CoCl(+) 16.325 -0.03 0.79
CoSO4(aq) 13.065 1.15 0.66
CrO4(2-) CrO4(2-) 70.83 2.79
HCrO4(-) 2.95 5.94 0.15
KCrO4(-) 4.4 -0.03 8.80
NaCrO4(-) 22.48 0.13 3.64
Fe(2+) Fe(2+) 61.4 0 24.41
FeCl(+) 7.45 -0.8 9.91
FeSO4(aq) 14.61 1.19 4.92
Fe(HS)2(aq) 24.65 8.05 26.57
Mn(2+) Mn(2+) 78.16 0 1.02
MnCl 6.69 -0.4 0.36
MnCl2(aq) 2.23 -0.5 3.34
MnSO4(aq) 12.66 1.05 1.09
Ni(+) Ni(+) 71.36 0 1.25
NiHCO3(+) 2.18 11.3 0.12
NiCl(+) 12.25 -0.16 0.81
NiSO42(aq) 13.48 1.15 0.83
Pb(2+) Pb(HS)2(aq) 80.98 14.4 13.14
Pb(HS)3(-) 95.2 15.7 58.95  
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Table 4.7 - Average component abundance (%) of major constituents included in the 
model in the anoxic zone of water column calculated with MINEQL+.  Average 
abundances over tidal cycles were first calculated at each depth of each tidal stage 
resulting in a tidal average, and then averaged over the two tidal cycles.  Standard 
deviations (SD) were calculated using output results from both tidal cycles.  
 
 
Ion Species % abundance Log K SD
Cl(-) Cl(-) 99.9 0.00
Na(+) Na(+) 99.9 0.00
NO3(-) NO3(-) 99.9 0.00
Ca(2+) Ca(2+) 81.506 0 0.86
CaSO4(aq) 18 1.16 0.96
CO3(2-) CaHCO3(+) 1.631 10.4 0.10
H2CO3(aq) 4.667 15.8 0.08
HCO3(-) 81.952 9.76 0.82
MgHCO3(+) 4.848 10.2 0.32
NaHCO3(aq) 5.729 9.23 0.62
K(+) K(+) 97.425 0 0.19
KSO42(-) 2.575 0.28 0.20
Mg(+) Mg(+) 84.6 0 0.72
MgSO42(aq) 15.2 1.11 0.74
PO4(3-) CaHPO4 (aq) 3.96 13.3 0.18
KHPO4(-) 3.716 11.8 7.43
MgH2PO4 (+) 1.75 19.2 8.19
MgHPO4 (aq) 27.93 13.2 2.22
NaHPO4 (-) 23.34 12 5.66
H2PO4(-) 7.255 18.3 8.44
HPO4(2-) 28.675 11.6 4.90
SO4(2-) SO4(2-) 60.1 0 5.77
NaSO4(2-) 20.1 0.16 3.57
CaSO42(aq) 3.6 1.21 0.33
KSO4(2-) 0 0.25 11.50
MgSO42(aq) 15.4 1.11 1.82
HS(-) HS(-) 77.93 0 1.10
H2S(aq) 26.86 6.74 0.58
Cu(HS)3(-) 7.46 25 10.59
PbH2S(aq) 2.35 14.4 13.32








In contrast to Co and Ni, Cr, Pb, and to a lesser extent Cu are likely unreactive 
with respect to iron sulfide minerals due to their high rate of water exchange, and should 
preferentially form sulfide (Pb) or inorganic (S2-) and organic (Cu) complexes, or 
precipitate as discrete metal sulfide phases (Morse and Luther, 1999).  With the highest 
water exchange rate (Morse and Luther, 1999), and the highest concentrations in 
Chesapeake Bay sediments (Long and Morgan, 1990; Long et al., 1995; Long et al., 
1996), it is not surprising to observe elevated levels of PbD released from sediments by 
tidal advection (Figure 4.11).  Intriguingly, the release of AsD is decreased in the presence 
of sulfide during Tidal Cycle 2 (Figures 4.5, 4.7 and 4.12).  Sulfur species complex 
arsenic under strongly reducing conditions (O'Day et al., 2004) and can co-precipitate 
with FeS to form arseno-pyrite (Bostick and Fendorf, 2003).  This indicates that arsenic is 
efficiently removed from the water column of the Chesapeake Bay.   
 
4.6 Conclusions  
Using a combination of innovative and traditional analytical techniques, this study 
has documented the effect of tidal forcing on the distribution of trace metals at the oxic-
anoxic interface.  Simultaneously, dissolved sulfide diffuses into the oxycline to reduce 
Mn oxides and release dissolved trace metals in the anoxic waters.  Measurements 
obtained during two successive tidal cycles show that the intensity of the flux of trace 
metals from the sediments is affected by tidal cycles.  
Overall, the increase flux of some of the dissolved trace metals in the anoxic zone 
during Tidal Cycle 2 cannot be accounted for by excess reductive dissolution of 
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manganese oxides and must be a result from the advection of dissolved species due to the 
shear stress promoted by water flowing over the sediments at flood tide.  The force of 
these pulses can cause resuspension of surficial sediments and/or more intense advective 
fluxes predominantly during flooding tides.   However, sediment resuspension may not 
be essential to enrich bottom waters or else particulate levels would be higher near the 
SWI during Tidal Cycle 2 when the highest levels of dissolved species were observed.  
These data suggest that at least dissolved species diffuse and/or advect at the sediment-
water interface during neap tides.  The intensity of the flux of dissolved trace metals is 
controlled by their reactivity with sulfide and probably the iron sulfide mineral phases as 
well as the velocity of tidal flushing.  Overall, this study demonstrates that the most 
dominant chemical processes affecting the distribution of trace metals during estuarine 
mixing in the Chesapeake Bay are sulfide related reductive dissolution and desorption, as 
well as, trace-metal sulfide interactions and pyritization.  With sediment concentrations 
orders of magnitude greater than their aqueous counterparts, this research indicates that 
the sediment is only a temporary sink that continuously flushes metals concomitantly 
with Mn and H2S into estuarine waters by tidally-driven advection.  The significance of 
resuspension during spring tide and absence during neap tide should be investigated in 
detail in future research.   
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4.8 Supplemental Information (Appendix D) 
Vertical profiles of dissolved and particulate Mn, Co, As, and Ba from 2004 
research cruise have been included in Appendix D as Figure D.1.  Also included in 
Appendix D are interannual (2002 to 2004) depth profiles for dissolved uranium (Figure 
D.2), dissolved barium (Figure D.3), dissolved manganese (Figure D.4), dissolved cobalt 
(Figure D.5), dissolved nickel (Figure D.6), dissolved lead (Figure D.7), dissolved 
chromium (Figure D.8), dissolved copper (Dissolved D.9), dissolved arsenic (Figure 
D.10), and dissolved cadmium (Figure D.11).  In addition, Tables D.1 and D.2 
summarize the MINEQL+ input data used to calculate the saturation indices (Table 4.4 
and 4.5) and species abundance provided in percentage (Table 4.6 and 4.7) of anoxic 




This dissertation demonstrates the importance of characterizing not only 
biological and chemical processes, but also physical processes, when investigating the 
distribution of trace metals in natural aquatic systems.  This study also demonstrates the 
scope and versatility of voltammetric techniques in studying the cycling of redox species 
within riverine and estuarine settings in situ and ex situ, as well as in laboratory reactor 
environments.  The main issues addressed in this thesis pertain to the following:  
1. Speciation and partitioning of arsenic, iron, and manganese across 
the oxic-anoxic and water-sediment interfaces 
2. Influence of arsenic loading on microbial processes in riverine 
sediment   
3. Mechanisms behind the enrichment of redox sensitive species and 
trace metals in estuarine anoxic bottom waters 
 
The major findings of this dissertation are summarized below: 
 
5.1 Speciation and partitioning of arsenic, iron, and manganese across the oxic-
anoxic and water-sediment interfaces 
Despite global interest, details regarding the chemical and biological processes 
that dominate authigenic arsenic diagenesis and cycling were limited.  A compilation of 
innovative analytical techniques was employed to determine the vertical transformation 
of major redox species and the speciation of As(III) and As(V) with a high spatial 
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resolution (i.e., < 5 mm) in two contaminated freshwater sediments.  Porewater depth 
profiles illustrate the dominance of iron reduction processes on arsenic cycling.  In fact, 
interannual results provide evidence of a significant correlation between the diagenetic 
processes involving iron and arsenic in the freshwater sediments studied. The sediment 
profiles suggest that iron oxide particles scavenge arsenic in the form of arsenate in the 
water column and settle to the sediment-water interface where they are reduced by 
indigenous iron reducing bacteria.  As a result of microbial iron reduction, As(V) is 
released and accumulates in the porewaters near the sediment-water interface, where it 
diffuses back to the overlying waters.  The diffusion of As(V) to the overlying water was 
much greater after a severe flood deposited fresh As-bearing particles to the surficial 
sediment.      
Thermodynamics suggests that As(III) dominates in reducing conditions, 
however, As(III) was never found in the porewaters of any of the sediment cores at either 
freshwater site.  Initially, this conundrum was attributed to asymmetry of the natural 
system and suggested that the abiotic reduction of As(V) is a slow process that was not 
occurring in these recently deposited sediments.  This work was the first to implement a 
combination of voltammetric and ICP-MS techniques to determine arsenic diagenesis in a 
recently flooded freshwater sediment.  The subsequent study tested the hypothesis that 
microbial and chemical reduction of As(V) is not significant in these sediments.   
 
5.2 Influence of arsenic loading on microbial processes   
Microcosm experiments confirm that any As(V) added to these sediments is 
immediately adsorbed in oxic conditions and released in anoxic conditions during the 
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microbial reduction of authigenic iron oxides.  Incubations in the presence of ≤ 1 µM 
As(V) reveal that arsenate is released but not concomitantly reduced during this process.  
Curiously, microbial iron reduction is enhanced significantly when As(V) amendments 
are increased from natural levels to a threshold of approximately 2 to 6 µM, increasing 
the simultaneous formation of crystalline iron oxides and excess release of arsenate into 
porewaters.  Above this threshold, however, the microbial reductive dissolution of iron 
oxides is inhibited by arsenate, and arsenite is produced, probably through a 
detoxification mechanism.  These findings suggest that arsenic blocks ATP formation at 
concentrations as low as 0.1 µM As(V) and that indigenous iron-reducing bacteria are 
able to increase respiration rates to overcome this effect up to a threshold approximately 
one order of magnitude above natural levels.  However, if As(V) inputs to sediments rise 
by one order of magnitude above the current porewater content (i.e. 200 nM), iron 
respiration will be inhibited and As(III) produced in significant quantities.  The present 
river waters contain in average about 40 nM of As(V) in the dissolved phase that can be 
delivered to the sediments, especially after flood events.  If the loading of As(V)  to these 
sediments persists or increases, the currently abundant amorphous iron oxides will be 
transformed into more stable iron oxides with lower adsorption capacity for As(V).  
Compounded with the production of As(III), if the toxicity threshold is exceeded, these 
sediments may be a non-point source of  both As(V) and As(III) to the overlying waters, 
including the drinking water reservoir of West Point Lake.  The incubation study shows 
that even low inputs of arsenic to riverine sediments may affect microbial processes, the 
stability of iron oxides and, indirectly, the cycling of arsenic.  This work demonstrated 
that arsenic levels have a strong impact on biogeochemical processes in natural sediments 
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even at low levels, and to prevent hazardous conditions, it is necessary to maintain the 
concentration of arsenate in these porewaters below the estimated threshold of 2 to 6 µM.  
Finally, this study was the first time iron recrystallization was linked to arsenic 
concentrations.   
 
5.3 Mechanisms behind the enrichment of redox sensitive species and trace metals in 
estuarine anoxic bottom waters 
 
In marine environments, salinity gradients driven by physical mixing processes 
can affect both chemical processes (e.g. speciation and partitioning) and biological 
processes (e.g., benthic and planktonic community structure and function).  A 
combination of in situ measurements with discrete water sampling was utilized to 
determine the influence of tidal variations on the cycling of trace metals under changing 
redox conditions during two consecutive tidal cycles in the Chesapeake Bay (MD) during 
the peak anoxic/hypoxic season.  In situ profiles show that the physico-chemical 
conditions of the water column are affected over tidal cycles.  During the peak anoxia 
season, a combination of redox transformations and tidally-influenced flushing from 
sediments consistently promotes the accumulation of dissolved Mn and ΣH2S in the 
suboxic zone.  Under oxic conditions, trace metals may adsorb onto settling Mn-oxides 
that are deposited to sediments where they can be re-cycled to the overlying water by 
physical advective or diffusive forces.  However, as the tides progress from high to low, 
both buoyant oxic and saline suboxic waters flow seaward resulting in vertical mixing of 
oxic and anoxic waters that shifts the oxycline up in the water column expanding the 
anoxic zone.  At the next flood tide, the oxycline is lowered in the water column when 
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denser bottom waters flowing landward pull oxygen down deeper into the water column.  
Simultaneously, the landward flow of seawater above the sediment causes shear stress 
forces that advect dissolved species, including sulfides, manganese, and trace metals, 
upward into the bottom waters.  Estuarine circulation relies on river flow to converge 
buoyant freshwater- typically high in BaD, with saline ocean water- enriched with UD, and 
establish the density gradient.  The distribution of uranium and barium during both tidal 
cycles indicates that buoyant freshwater and denser oceanic water are mixing in the 
Chesapeake Bay, but that sediment-water interactions result in an excessive input of 
dissolved ∑H2S, Mn, Cr, Ba, U, Cu, and Pb to the overlying waters at neap tide.  This 
research suggests that the selective enrichment of CrD, CuD and PbD concentrations in the 
bottom waters of the Chesapeake Bay is controlled by a combination of tidally-driven 
advective flushing of chemical reserves stored in Chesapeake Bay sediments, regardless 
of resuspension, and reactivity with dissolved sulfides.  In turn, the AsD directly 
precipitates with sulfide while NiD and CoD adsorb or co-precipitate with iron sulfide 
minerals.  This work is the first to successfully demonstrate that the enrichment of trace 
metals in anoxic bottom water and overlying oxic water is attributed to the tidal flushing 
of surface porewaters that are caused by shifting spring-neap tidal currents. 
 
5.4  Future Research 
In this dissertation, it is demonstrated that the behavior of trace metals in both 
freshwater and marine systems is complicated by the interdependent physical, chemical, 
and biological processes affecting their transformations.  As a result, several questions 
developed from this work need to be investigated further. 
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For example, the hypothesis that arsenic indirectly restricts ATP formation by 
microorganisms should be tested with model organisms, such as Shewanella and 
Geobacter species, under a larger range of environmental conditions.  The main obstacle 
to this investigation will be the ability for these microorganisms to grow on high levels of 
As(V) (Newman et al., 1998).    
Similarly, sulfide effects on the solubility of As(III) should be determined 
utilizing synthetic sulfide-bearing minerals such as pure orpiment.  The uptake of arsenic 
in anoxic environments is strongly correlated with the formation of iron sulfide minerals, 
including pyrite.   However, the contributions of precipitation, co-precipitation, and 
adsorption mechanisms on sulfide minerals has not been resolved (Belzile, 1988; Bostick 
and Fendorf, 2003).  The formation of intermediate complexes in the presence of excess 
sulfide, and their effects on the solubility of As(III) in the presence and absence of these 
excess sulfides remains uncertain.  For example, using ion chromatography with 
conductivity detection Rochette et al. (2000) observed an unknown intermediate species 
beyond the retention times for sulfite, sulfate, thiosulfate, thiocyanate and arsenate.  
Based on mass balance of arsenite, arsenate, and total dissolved arsenic, this peak was 
interpreted to be thioarsenate (H2AsO3S-), dithioarsenate (H2AsO2S2-) or thioarsenite 
(H3AsO2SּS).  Advanced analytical techniques including a combination of 
electrochemistry, HPLC-ICP-MS, and possibly Capillary Electrophoresis could be used 
to better characterize the compositional of AsxSy, and AsxSyOz complexes.  
The sulfide research will carry over into the marine environment where 
knowledge regarding the composition of particles (metal oxide and organic matter) and 
quantification of their effects on trace metal distribution over short term and long term 
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tidal cycles in the Chesapeake Bay is lacking.  Since the study of the distributions and 
partitioning of trace metals in estuaries is a central interest to the understanding of their 
global cycling and transport (Chiffoleau et al., 1994), this will be the focus of some future 
work.  Finally, the quantification of sediment resuspension and its contribution to trace 
metal accumulation is essential to predict and simulate the effects of perturbations such 
as increases in sea level.  If seasonal eutrophication and hypoxia persists in conjunction 
with a rise in sea level, then the cyclic pulses of dissolved trace metals from the abundant 
sediment reservoir will impact a larger area of the Bay.  In addition to composition, the 
partitioning (distribution coefficients), and bioavailability of SPM and surficial sediments 
should be determined in natural samples, with isotherm calculations in accordance to 
Turner and Millward (2002).   In addition, although metal sulfide clusters (nanoparticles) 
may be important transporters of trace metals, their formation and subsequent influence 
at the site should be investigated in future studies.   
In summary, my future research direction will be to demonstrate the  
physiological, ecological, and toxicological effects of the chemical speciation of metals 
(especially arsenic) and to determine the factors dominating their transformations in both 




OVERVIEW OF METHODOLOGY AND APPLCIATIONS 
Voltammetric Measurements  
In voltammetry, a potential is applied as a function of time between a working 
and a reference electrode.  The current resulting from the oxidation or reduction of 
chemical species at each potential (Table A.1) is read at a counter electrode.  Results are 
presented as current potential versus current scans, for each dissolved species (Figure 
A.1).  The specific voltammetric techniques used in this study included linear sweep 
voltammetry (LSV) for O2 and H2O2 determination and cathodic square wave 
voltammetry (CSWV) for Mn(II), Fe(II), soluble-Fe(III), and ΣH2S =(H2S + HS- + S2- + 
S0 + Sx2-).  All voltammetric measurements were conducted in unacidifed, unfiltered 
water without dilution. 
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Table A.1:  Voltammetric half reactions and their reduction potentials at the Hg-plated 
gold wire surface (Brendel and Luther 1995). 
Reactions Ep (V) 
)Hg(OHHge2H2O 222 →+++
−+  -0.30 
)Hg(OH2e2H2)Hg(OH 222 →++
−+  -1.30 
−+− ++→+ e2HHgSHgHS  < -0.60  (adsorption) 
HgHSe2HHgS +↔++ −−+  -0.60 
)Hg(Fee2HgFe2 ↔++ −+  -1.43 
)Hg(FeHgeFe.org 23 +−+ ↔++  -0.2 to –0.9   (organic ligand 
dependent) 
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Figure A.1- Sample voltammogram from one of the freshwater depth profiles.  Only 
Fe(II), Mn(II), FeS(aq) and organic-Fe(III) were detected at this depth and location.  All 
four species of interest are labeled at their corresponding potentials. 
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Microelectrodes consist of a 100 µm diameter Au wire housed in a 4 mm 
diameter glass shaft with a tip of 5 cm length and <1 mm diameter or 3 mm PEEK ™ 
tubing connected via copper conducting wire to a potentiostat.  The Au surface is 
polished with 15, 6, 1, ¼ µm diamond paste, plated with Hg to provide an electro-active 
mercury film, and then polarized.  Once plated, each electrode is polarized at -0.9 v for 
ninety seconds to form a good amalgam between the Au and Hg (Brendel and Luther, 
1995).  Finally, electrodes were tested for quality and calibrated.  A platinum wire was 
used as a counter electrode and a Ag/AgCl as reference electrode.  The quality of Au/Hg 
microelectrodes issued in this study were tested by measuring dissolved O2 solutions of 
similar ionic strength as freshwater and seawater (Figure A.2).   
For sediments profiles, microelectrodes were calibrated for O2 in situ using a 
single point calibration.  Temperature and salinity was used to quantify the current 
intensity on the overlying waters.  The potential was applied, with a conditioning step of 
10 s at -0.1 V, then scanned from  -0.1 V to -1.8 V at a rate of 200 mV s-1.  The 
conditioning step cleaned the electrode surface between measurements to avoid memory 
effects (Brendel and Luther 1995). Au/Hg microelectrodes were then calibrated for 
Mn(II) and Mn sensitivities were used to quantify Fe(II) and ∑H2S  according to the Pilot 
Ion Method (Brendel and Luther, 1995). 
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Figure A.2- Sample voltammogram for linear sweep oxygen calibration.  The O2 and 
H2O2 peaks are clearly distinct.   
 
Mn(II) calibration of the microelectrodes was conducted in degassed water with a 
stock solution of 0.1 M MnCl2·4H2O (Fisher) in MilliQ water (Figure A.3).   Mn(II) 
voltammograms were obtained at the same potential range, scan rate, and conditioning 
step as the O2 calibration runs.  In seawater, the slope of the Fe(II) calibration curve is 
equivalent to 0.36 times the Mn(II) calibration slope, and the CSWV sulfide calibration 
slope equals 12.6 times the Mn(II) calibration slope.   
 
 























Figure A.3- Raw voltammograms from Mn calibration and corresponding calibration 
curve in the inset.  The detection limit of Mn(II) in seawater is ~10 µM.  Mn calibration 
range from 0 to 400 µM.   










































 SUPPLEMENTAL INFORMATION FOR CHAPTER 3  
 
Figures are provided in Appendix B to demonstrate non-amended reactors 
followed a zero-order rate law (Figure B.1) while reactors with up to 10 µM As(V) added 
followed first-order rate laws (Figure B.2) represented by the data from the 1 µM 
triplicate reactors of Placid Cove sediments.  Figure B.3 represents the composite of the 
correlation between Fe(II) and As(V) concentrations released over time in triplicate 

























Oth order for 0µM As(V) amendments
Time (days)
 
Figure B.1- Concentration of Fe(II) produced in porewaters over time in triplicate 



























1st order for 1µM As(V) amendments
Time (days)
 
Figure B.2- a) concentration of Fe(II) produced in porewaters over time in triplicate 
reactors amended with 1 µM As(V) does not fit zero order kinetics, b) ln[Fe(II)]/ 
[Fe(III)]0 over time represents first order kinetics. [Fe(III)0] is the initial Fe(OH)3(s) 
concentration of sediment sections from vertical depth profiles.    
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Figure B.3- Composite comparison of Fe(II) and As(V) concentrations released over 
time in triplicate reactors. 
 
The Dzombak and Morel (1990) adsorption model with MINEQL+ of As(V) to 
Fe(OH)3(s) assumes 5 mmol/mole of high-binding sites (500:100,000) and 0.2 mol/mole 
of low affinity sites (20:100).  From the slopes, a As:Fe ratio of 2 to 6: 100,000 in the 0 
and 0.1 µM amended reactors are obtained for both the Placid Cove (PC) and River Bend 
(RB) sediments, and are similar to ratios calculated from depth profiles discussed in 
section 2.5 of this thesis.  An As:Fe ratio of 10:100,000 was calculated for PC 1µM and 
15:100,000 for RB 1µM amended sediments.  An increase of As(V) up to 10 µM resulted 





DESCRIPTION OF KINETIC MODEL 
 
A Matlab ™ code was created to optimize for both Rmax and Kapp by fitting 
experimental data from individual incubations with the integrated Michaelis-Menten 
kinetics equation (Equation 3) in Chapter 3 of this dissertation using a non-linear least 
squares optimization function.  Results of Rmax and Kapp were summarized in Appendix C 
(Table C.1).  Initial guesses of both Rmax and Kapp are input along with the temporal 
evolution of Fe(II) from individual reactors with different As(V) amendments to integrate 
the differential equation using a 4th Runge Kutta (ODE45 function).  The results of the 
integrated equation are then compared to the experimental data using a non-linear least 
square optimization function which minimizes the residual between the data and the 
modeled curve:  22exp )2( matchFeFeF
i
−= ∑ + .  If the residual is greater than a tolerance 
value, or if the variation of the optimized parameter is smaller than a preset tolerance, the 
optimization stops.  Figures C.1 and C.2 illustrate the accuracy of the interpolated data 
used to calculate and Figure C.3 illustrates the results of the optimization model.  
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Abbreviated Matlab™ script: 
 
t =  (0:1:max(time))';  % extend time to single days 
Fe2exp = c410um(:,1)*1e-6;  %M, import Fe(II) datafile per reactor and convert concentration 
from uM to M during incubations 
FeT = max(Fe2exp);  % enter total iron, compared to maximum of Fe(II) produced 
Fe2match = interp1(time,Fe2exp,t);  % match experimental data, interpolation to match 
number of data points as t (time) 
b= length(Fe2match);   %FeT = Fe(III)0 = Fe(II) adsorbed from HCl-extraction corrected 
for volume only, input data is not corrected for wet sediment 
volume or sediment density 
FeT= 0.032;  %M for River Bend (RB), 0.046 M Placid Cove (PC) 
 
Rmax= 5*1e-5;  % [M] conc,initial guess for Rmax= 24 e-6M or 24.74 uM/d PC and 
24.27uM/d RB from slope of line 0 uM amended 
Kapp = 8e-3;    % initial guess for Kapp  
X0 = [Kapp Rmax];  % vector first guess of the parameters to optimize [M] 
LB = [1e-5 0]; 
UB = [1e-1 1e-3]; 
f0 = 0;     % initial concentration of Fe(II) =0 
 
%Optimize Kapp & Rmax to minimize the least square difference between the data 
% Use a least square non linear method 





% 2nd - Optimization Subroutine : Kapp & Rmax 
%      Call Runge Kutta 2nd Subroutine to calculate Fe(II) production 
%        ‘RKFe2fun.m’ 
% %%%%%%%%%%%%%%%%%%%%%%%%%%%%%%%%% 
function F = Fe2opt(X) 
global FeT X1 tspan f0 Fe2cal Fe2match %Fe2exp time 
% Runge Kutta 
X1=X; 
[t,f] = ode45('RKFe2fun',tspan,f0);    % calls Runge Kutta subroutine 
Fe2cal=f; 
    F= norm((f- Fe2match)*10);  % minimization function (where F=0 perfect fit) 
 
%%%%%%%%%%%%%%%%%%%%%%%%%%%%%%%%%% 
% 3rd  Subroutine function: Runge Kutta  
%  ‘Fe2opt.m’ 
%% %%%%%%%%%%%%%%%%%%%%%%%%%%%%%%%%% 
function RKFe2fun1= RKFe2fun(t,f) 
global FeT X1  % for Fe2Kapp1umopt.m 
X=X1; 





Figure C.1- Example of output from the Matlab script used to calculate Rmax and Kapp 
from an incubation with unamended sediments from PC site.  Scatter points show 






Figure C.2- Example of output from the Matlab script used to calculate Rmax and Kapp 
from an incubation amended with 10 µM As(V) sediments from RB site.  Scatter points 





Table C.1 –Maximum rate (Rmax) and apparent Michaelis-Menten kinetics constant (Kapp) 
for the reductive dissolution of authigenic iron oxides calculated from incubations 
performed with PC and RB sediments at different As(V) amendments.  Correlation 
coefficients (R2) between the fraction of As(V) released and Fe(II) produced initially and 
through steady-state (SS).  Parameters represent averages and standard deviations of 






Fe(OH)3(s) Rmax Kapp R2 
 [mm] [µmol/g] [µM d-1] [mM] initial SS 
PC -0 µM 0-15 178.8 ±20.2 100 0.17 ±0.10 0.941 0.892 
PC-0.1µM 0-38 144.04±26.36 100 3.10 ±0.28 0.950 0.856 
PC-1µM 0-38 144.04±26.36 300 
 
3.60 ±0.20 0.862 0.539 
PC-10µM 0-38 144.04±26.36 100 8.53 ±0.90 0.942 0.887 
       
RB –0 µM 55-78 126±22.73 100 0.80 ±0.05 0.924 0.924 
RB-0.1µM 55-112 120.5±23.9 100 0.83±0.10 0.959 0.901 
RB-1µM 55-112 120.5±23.9 700 1.32 ±0.10 0.830 0.592 





 Kapp Placid Cove incubations
 SD Placid Cove incubations




 Kapp River Bend incubations













Figure C.3- As(V) amendment concentrations versus Kapp results  of optimization 
model.  Standard deviations include replicate model outputs of triplicate incubation 
reactor series.  Placid Cove: R= 0.933, SD= 0.001, m= 6.7E-4; River Bend: R= 0.999, 
SD= 5.95E-4, m= 4.25E-4.   
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 APPENDIX D 
SUPPLEMENTAL INFORMATION CHAPTER 4 
 
Vertical profiles of dissolved and particulate Mn, Co, As, and Ba from 2004 
research cruise have been included in Appendix D as Figure D.1.  Also included in 
Appendix D are interannual (2002 to 2004) depth profiles for dissolved uranium (Figure 
D.2), dissolved barium (Figure D.3), dissolved manganese (Figure D.4), dissolved cobalt 
(Figure D.5), dissolved nickel (Figure D.6), dissolved lead (Figure D.7), dissolved 
chromium (Figure D.8), dissolved copper (Dissolved D.9), dissolved arsenic (Figure 
D.10), and dissolved cadmium (Figure D.11).  In addition, Tables D.1 and D.2 
summarize the MINEQL+ input data used to calculate the saturation indices (Table 4.4 
and 4.5) and species abundance provided in percentage (Table 4.6 and 4.7) of anoxic 





























Figure D.1- 2004 Vertical Profile of Dissolved and Particulate Ba, Mn, Co, and As.   
a) Dissolved concentrations are depicted as BaD [nM] in open orange triangles, MnD 
[µM] in open black circles, CoD [nM] in open brown diamonds, and AsD [nM] in open 
green squares.  b) Particulate are depicted as BaP [nM] in solid orange triangles, MnP 
[µM] in solid black circles, CoP [nM] in solid brown diamonds, and AsP [nM] in solid 
green squares.  Oxygen penetration depth was determined from CTD data and is marked 
with a blue dashed line.  ΣH2S–onset depth was determined voltammetrically and is 
marked with a solid red line. 
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Figure D.2- Composite depth profiles of total dissolved uranium (black symbol) and total 




















 Ba Total Dissolved
 Ba Total























Figure D.3- Composite depth profiles of total dissolved barium (black symbol) and total 









































Figure D.4- Composite depth profiles of total dissolved manganese (black symbol) and 









































Figure D.5- Composite depth profiles of total dissolved cobalt (black symbol) and total 






































Figure D.6- Composite depth profiles of total dissolved nickel (black symbol) and total 







































Figure D.7- Composite depth profiles of total dissolved lead (black symbol) and total lead 







































Figure D.8- Composite depth profiles of total dissolved chromium (black symbol) and 








































Figure D.9- Composite depth profiles of total dissolved copper (black symbol) and total 
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Figure D.10- Composite depth profiles of total dissolved arsenic (black symbol) and total 
































Figure D.11- Composite depth profiles of total dissolved cadmium (black symbol) and 
total cadmium (red symbol) from 2002 to 2004 reported in nM 
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Table D.1 Input concentrations of major constituents (Cl, Na, Ca, Mg, and K) as a 
function of depth used to calculate component concentrations and solid saturation indices 
with MINEQL+ in the suboxic zone during Tidal Cycle 1 and 2.  Cast ID corresponds to 
cast number and discrete sample.   
 
Depth Salinity Cl Na K Ca Mg SO4
2- SO4
2- HS
m 0/00 M M M M M M Log K Log K
Charge: -1 1 1 1 1 -2
Tidal Cycle  1 Cast ID:
High 1 c3-f1 22.546 19.104 0.287 0.2866 0.008 0.0056 0.0287 0.0154 1.814 4.69
c3-f2 20.576 18.967 0.285 0.2845 0.0079 0.0055 0.0285 0.0152 1.817 4.78
c3-f3 18.656 17.908 0.269 0.2686 0.0075 0.0052 0.0269 0.0144 1.842 4.883
c3-f4 17.305 17.34 0.26 0.2601 0.0072 0.0051 0.0261 0.0139 1.856 0
Ebb 1 c4-f1 22.173 18.828 0.282 0.2824 0.0078 0.0055 0.0283 0.0151 1.82 4.447
c4-f2 20.264 18.786 0.282 0.2818 0.0078 0.0055 0.0283 0.0151 1.821 4.832
c4-f3 18.284 18.539 0.278 0.2781 0.0077 0.0054 0.0279 0.0149 1.827 4.987
c4-f4 16.125 17.937 0.269 0.2691 0.0075 0.0052 0.027 0.0144 1.841 5.983
Low 1 c5-f1 22.07 18.322 0.275 0.2748 0.0076 0.0054 0.0276 0.0147 1.832 5.588
c5-f2 20.086 17.863 0.268 0.2679 0.0074 0.0052 0.0269 0.0144 1.843 5.783
c5-f3 18.202 17.602 0.264 0.264 0.0073 0.0051 0.0265 0.0141 1.849 6.114
c5-f4 15.458 16.884 0.253 0.2533 0.007 0.0049 0.0254 0.0136 1.867 6.469
c5-f5 13.366 16.28 0.244 0.2442 0.0068 0.0048 0.0245 0.0131 1.883 0
Flood 1 c6-f1 22.042 17.685 0.265 0.2653 0.0074 0.0052 0.0266 0.0142 1.847 5.293
c6-f2 20.054 16.952 0.254 0.2543 0.0071 0.005 0.0255 0.0136 1.866 5.492
c6-f3 18.446 16.445 0.247 0.2467 0.0069 0.0048 0.0247 0.0132 1.879 5.527
c6-f4 15.405 15.658 0.235 0.2349 0.0065 0.0046 0.0235 0.0126 1.9 0
Tidal Cycle 2
High  2 c8-f1 22.697 18.794 0.282 0.2819 0.0078 0.0055 0.0283 0.0151 1.821 3.913
c8-f2 19.104 18.608 0.279 0.2791 0.0078 0.0054 0.028 0.015 1.825 4.036
c8-f3 14.719 16.83 0.252 0.2525 0.007 0.0049 0.0253 0.0135 1.869 5.638
c8-f4 11.606 14.491 0.217 0.2174 0.006 0.0042 0.0218 0.0116 1.934 0
Ebb 2 c9-f1 22.385 19.092 0.286 0.2864 0.008 0.0056 0.0287 0.0153 1.814 4.224
c9-f2 19.478 18.594 0.279 0.2789 0.0077 0.0054 0.028 0.0149 1.826 4.05
c9-f3 17.258 18.511 0.278 0.2777 0.0077 0.0054 0.0278 0.0149 1.828 3.76
c9-f4 13.574 17.088 0.256 0.2563 0.0071 0.005 0.0257 0.0137 1.862 4.408
c9-f5 11.36 15.292 0.229 0.2294 0.0064 0.0045 0.023 0.0123 1.91 0
Low 2 c10-f1 21.836 18.725 0.281 0.2809 0.0078 0.0055 0.0282 0.015 1.823 4.287
c10-f2 19.56 18.431 0.276 0.2765 0.0077 0.0054 0.0277 0.0148 1.829 4.236
c10-f3 16.207 18.33 0.275 0.275 0.0076 0.0054 0.0276 0.0147 1.832 3.905
c10-f4 13.421 17.902 0.269 0.2685 0.0075 0.0052 0.0269 0.0144 1.842 4.17
c10-f5 11.028 16.417 0.246 0.2463 0.0068 0.0048 0.0247 0.0132 1.88 4.799
c10-f6 7.557 14.403 0.216 0.216 0.006 0.0042 0.0217 0.0116 1.937 0
Flood 2 c11-f1 22.257 18.869 0.283 0.283 0.0079 0.0055 0.0284 0.0152 1.819 4.63
c11-f2 21.098 18.654 0.28 0.2798 0.0078 0.0055 0.0281 0.015 1.824 4.511
c11-f3 17.557 17.529 0.263 0.2629 0.0073 0.0051 0.0264 0.0141 1.851 4.906
c11-f4 15.512 17.261 0.259 0.2589 0.0072 0.005 0.026 0.0139 1.858 5.336
c11-f5 13.45 16.835 0.253 0.2525 0.007 0.0049 0.0253 0.0135 1.869 0
Avgerage Seawater Concentration= 0.48 0.59 0.015 0.011 0.054 0.029  
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Table D.2 Input concentrations of trace metals as a function of depth used to calculate 
component concentrations and solid saturation indices with MINEQL+ in the suboxic 
zone during Tidal Cycle 1 and 2.  Cast ID corresponds to cast number and discrete 
sample.  Inputs held constant: pH 7.45, Fe(II) at 4E-6 M, NO32- at 6.92E-5 M, PO43- at 
3.26E-7 M, and HCO3- at 0.0012 M assumed closed to the atmosphere. 
 
 
Depth Salinity HS Cr Mn Co Ni Cu As Ba Pb U
m 0/00 uM nM nM nM nM nM nM nM nM nM
Charge: -1 3 2 2 2 1 3 2 2 6
Tidal Cycle  1Cast ID:
High 1 c3-f1 22.546 19.104 20.4 7 350 1 12 10 2 28 19 0.72
c3-f2 20.576 18.967 16.6 36 7329 2 39 6 12 194 4 6.33
c3-f3 18.656 17.908 13.1 24 2609 3 34 15 14 179 19 5.61
c3-f4 17.305 17.34 0 32 697 3 23 12 12 219 14 6.09
Ebb 1 c4-f1 22.173 18.828 35.7 42 6765 3 41 10 15 198 9 7.39
c4-f2 20.264 18.786 14.72 30 5958 7 15 7 14 173 4 6.09
c4-f3 18.284 18.539 10.31 34 7652 3 9 7 17 206 3 7.19
c4-f4 16.125 17.937 1.04 30 8033 8 32 22 19 210 8 6.98
Low 1 c5-f1 22.07 18.322 2.58 35 7618 3 31 17 14 197 10 6.02
c5-f2 20.086 17.863 1.65 61 14596 5 81 15 28 353 12 11.88
c5-f3 18.202 17.602 0.77 34 7577 3 13 10 15 208 3 5.93
c5-f4 15.458 16.884 0.34 34 3103 3 41 25 15 232 19 5.66
c5-f5 13.366 16.28 0 33 486 3 25 15 14 237 13 5.35
Flood 1 c6-f1 22.042 17.685 5.09 32 6936 3 14 9 15 222 3 6.12
c6-f2 20.054 16.952 3.22 33 6055 3 25 8 15 219 2 5.92
c6-f3 18.446 16.445 2.97 32 520 3 13 10 15 240 4 6.00
c6-f4 15.405 15.658 0 32 576 3 16 10 16 239 7 5.61
Tidal Cycle 2
High  2 c8-f1 22.697 18.794 122.3 67 12550 4 22 15 11 342 36 10.52
c8-f2 19.104 18.608 92.15 56 11114 3 20 14 3 289 38 8.64
c8-f3 14.719 16.83 2.3 64 11365 4 23 15 4 366 45 8.29
c8-f4 11.606 14.491 0 48 418 2 21 15 4 335 39 5.82
Ebb 2 c9-f1 22.385 19.092 59.75 68 11302 4 68 21 8 323 51 9.64
c9-f2 19.478 18.594 89.11 71 12632 4 31 22 11 346 41 10.95
c9-f3 17.258 18.511 173.7 71 12313 4 33 24 11 349 45 10.14
c9-f4 13.574 17.088 39.08 53 8293 3 28 22 1 286 50 7.29
c9-f5 11.36 15.292 0 50 465 3 22 16 8 386 37 7.32
Low 2 c10-f1 21.836 18.725 51.68 75 13187 4 30 19 9 361 54 11.09
c10-f2 19.56 18.431 58.11 59 10712 3 25 16 5 289 43 9.37
c10-f3 16.207 18.33 124.4 67 13393 4 36 14 10 334 101 10.33
c10-f4 13.421 17.902 67.6 66 13190 3 18 13 10 334 36 10.02
c10-f5 11.028 16.417 15.87 63 1673 3 21 19 7 404 39 9.04
c10-f6 7.557 14.403 0 52 374 2 22 14 2 364 38 6.89
Flood 2 c11-f1 22.257 18.869 23.42 70 12658 4 20 13 12 335 40 11.41
c11-f2 21.098 18.654 30.85 73 12590 3 18 12 17 328 33 10.55
c11-f3 17.557 17.529 12.42 63 16258 3 18 12 14 365 39 9.94
c11-f4 15.512 17.261 4.61 66 13548 3 20 14 10 337 36 9.10
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